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We review the application of multispecies models as tools for evaluating impacts of
fishing on marine communities. Four types of model are identified: descriptive
multispecies, dynamic multispecies, aggregate system, and dynamic system models.
The strengths and weaknesses of multispecies models and their ability to evaluate the
causal mechanisms underlying shifts in production are examined. This comparison
provides a basis for assessing the benefits of each modelling approach as a tool for
evaluating impacts of fishing in marine ecosystems. Benefits of multispecies models
include: improved estimates of natural mortality and recruitment; better understand-
ing of spawner-recruit relationships and of variability in growth rates; alternative
views on biological reference points; and a framework for evaluating ecosystem
properties. Populations are regulated by competition (food limitation), predation, and
environmental variability. Each factor may influence different life-history stages,
locally or regionally. However, most multispecies models address only a subset of these
factors, often aggregated over functionally different species or age groups. Models that
incorporate the important interactions at specific stages and scales will be necessary if
they are to continue to supplement the information provided by single-species models.
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Introduction

The past two decades have seen an explosive growth in
the number and type of multispecies models directed at
fisheries questions. The ultimate motivation of all fish-
eries models, whether single- or multispecies, is to under-
stand, and inform decision-makers of, the consequences
of possible fishing activities. More recently, concern is
being directed to the effects of fishing on the wider eco-
system as well as upon the commercially exploited fish
species. Ecosystem effects of fishing have been reviewed
by several ICES working groups (ICES, 1988, 1989, 1994,
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1997). Two types of effects are of particular relevance
here: (1) direct mortality on target species and incidental
mortality on other biota; and (2) indirect effects related to
changes in the flow of energy through the ecosystem.
Single-species models can address the first effect, while
multispecies models will be required to address the
second effect. Here, we consider whether multispecies
models are better than single-species models for predict-
ing the consequences of direct mortality, and whether
they provide useful measurements of indirect effects.
Multispecies models pose hypotheses about how eco-
systems function as explicit computational algorithms.
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The hypotheses, in turn, arise from underlying ecologi-
cal theories. We first examine classes of hypotheses
posed in various models. Then we evaluate the degree
to which explicit inclusion of each type of ecological
process allows us to see more clearly how fishing
affects ecosystem properties. Multispecies models could
improve our understanding in at least two ways:
(1) through a more realistic treatment of uncertainty
and variability in population parameters (e.g. natural
mortality) of the target species; or (2) by representing
additional non-target species and ecological linkages
among species, either of which could be altered through
fishing.

Major ecological processes

Mechanisms underlying ecosystem form and function
have been subject to debate in the ecological literature
(Nicholson, 1933; Andrewartha and Birch, 1954;
MacArthur and Levins, 1967). Most ecologists acknowl-
edge three primary processes as the underlying forces
governing populations: competition, predation, and
environmental disturbance. Natural variation in recruit-
ment, survivorship, and growth of fish stocks are conse-
quences of these three processes. Effects of fishing are
then superimposed on this ecological background.

Competition is a fundamental structuring process in
many ecological theories. Competition requires that the
resource shared is limiting, and hence it is closely tied to
the carrying capacity of the system for suites of competi-
tors. In most multispecies fisheries models, competition
is applied in a weaker sense, requiring that any change in
abundance of one species is compensated in the trophic
structure, by reciprocal changes in abundance of species
with overlapping diets.

Predation is also a fundamental ecological process.
The importance of predation as a regulatory process in
marine systems has been well documented (Bailey and
Houde, 1989; Bax, 1998). Early multispecies models
were built largely to estimate predation mortality
inflicted on prey. These models represented community
dynamics on the basis of tracking the consequences of
perturbations of one (or more) species’ abundance
through direct predator—prey linkages.

Environmental disturbances have been proposed as
a major process structuring ecological systems
(Andrewartha and Birch, 1954), both by causing direct
mortality and by changing the carrying capacity of the
ecosystem. The duration and intensity of such distur-
bances can have varied effects on ecosystem structure.
Large, abrupt environmental changes mean populations
become mismatched with their carrying capacities
(either well above or far below, depending on the
direction of the change; den Boer, 1986; Wiens, 1984).
Persistence of changes in environmentally determined
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productivity levels for long periods may lead to
co-existence of competing species when species store the
reproductive energy through longevity (Chesson, 1983).

Competition, predation, and environmental distur-
bance are not independent. For example, predation may
reduce the abundance of competitors below their carry-
ing capacity, reducing the effect of competitive inter-
actions of the species’ dynamics (Caswell, 1978). Recent
reviews suggest that predation (consumer control) and
competition (resource control) are both important, with
lower trophic levels resource limited and upper trophic
levels consumer limited (Brett and Goldman, 1997).
Complicating this picture is Rice’s (1995) observation
that some systems exhibit food webs with “wasp waists”’,
where a few species at an intermediate trophic level
may filter production from all lower levels to predators
above them. Environmental events can change the
carrying capacity for short or long periods and alter
the competitive environment indirectly, or through
direct mortality may change predator—prey proportions
or the relative dominance of competing species (Skud,
1982).

Distinguishing shifts in ecosystem properties induced
by humans from natural variability in the same proper-
ties is impeded when the mechanisms causing variability
in individual stocks remain uncertain. The three primary
regulatory forces — competition, predation, and environ-
mental —and their interactions provide a framework
within which we can review multispecies models.

Categorization of multispecies models

We aim to identify the types of impacts of commercial
fishing that could be measured by multispecies models.
Multispecies fisheries models have been reviewed several
times (Kerr and Ryder, 1989; Pope, 1991; Magnusson,
1995; Bax, 1998). Kerr and Ryder (1989) suggested
various categories of model. While broadly following
their classification, we extend it to include a category for
coupled biophysical system models. Descriptive multi-
variate models represent a first category of models that
are mainly empirically based with simple dynamics. This
category contains both conceptual and statistical
models. Rice (this volume) reviews the variety of statisti-
cal models used to provide indices of ecosystem health
and status, and discusses their role in evaluating impacts
of fishing on ecosystem status. Of the remaining cat-
egories, the main distinctions and type examples are
shown in Figure 1 and their common uses and assump-
tions are listed in Table 1. We consider how the core
ecological processes are addressed in the three remaining
categories. Our review, like the multispecies models them-
selves, focuses almost completely on first-order effects
of fishing, environmental forcing, and species ecological
interactions as predators, prey, or competitors.
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Figure 1. Flow chart summarizing classification of multispecies models. Bold letters indicate model classification and italicized

letters indicate subcategories of models; references are provided.

Dynamic multispecies models

Dynamic multispecies models consider functional re-
lationships among individual species in a fished system.
They build upon single-species theory to understand the
dynamics of multispecies fisheries. The flow chart distin-
guishes those models that consider technical interactions
among species from those that consider predation effects
(Fig. 1). These models account for interactions among
selected species (often exploited fish species) but do not
address the ecosystem as a whole.

Technical interactions involve the simultaneous
capture of groups of species. Models of the joint capture
of species that do not interact biologically have been
developed by Murawski (1984) and Pikitch (1991).
Technical interaction models to date have focused on

equilibrium yield per recruit analyses. However, they
can be readily developed in the framework of other
multispecies model types. For example, biomass
dynamic models for aggregate species groups can be
specified for jointly harvested species (Brown et al.,
1976; Ralston and Polovina, 1982). Models of this
type can be appropriate both for interacting and
non-interacting species groups.

Dynamic multispecies models consider predator—prey
interactions and evaluate interactions between a subset
of the species in the ecosystem. They do not model
competitive interactions explicitly, but often include
constraints such as conservation of total system bio-
mass, or constant input of food from outside the model,
which result in changes in abundance of one species
indirectly affecting the abundance of species with which
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Table 1. Primary use, key assumptions and problems of different multispecies models (DPM: dynamic production models; SS:
single-species; MS: multispecies; VPA: virtual population analysis; SAM: statistical assessment model; BBM: bulk biomass model;
CBPM: coupled biophysical models; RSA: retrospective stock assessment; SP: stock projection; M: natural mortality; P: predation
mortality; M1: M minus P; G: growth rate; S: suitability; R: recruitment; S-S: steady state; ATG: aggregated taxonomic groups;

PF: physical forcing).

Model Primary use Common assumptions/problems

DPM RSA, exploratory Constant M and G by ATG.

SS, VPA RSA Constant M and G, lacks PF.

MSVPA RSA Constant M1 and S by species/age class, P inversely
proportional to amount of prey available. Lacks PF.

MSFOR SP, exploratory Constant M1 and S by species/age class, P inversely
proportional to amount of prey available. Usually
lacks PF, sensitive to assumptions regarding
incoming R.

SS, SAM* RSP, with short (5 year) SP Capable of estimating M, and G if selectivity and
catchability constant. Often lacks PF.

MS, SAM RSP, with short (5 year) SP Capable of estimating numerous non-linear functions

Ecopath, BBM, Skebub

Ecospace, Dynumes Ecosystem projections, exploratory

Ecosim Ecosystem projections, exploratory

CBPM

Retrospective, exploratory, mass balance

Retrospective, exploratory, hypothesis-testing

that could include functional relationships between
predator biomass and P, and prey availability and G.
Often lacks PF.

ATG, equilibrium (S-S) assumed. Ecopath: constant
M1 and G. BBM and Skebub: G dependent on food
availability and temperature.

Constant M1 and S by ATG, emigration rates across
cells are proportional to movement speed and
inversely proportional to cell size. Ecospace does not
address seasonal variations in PF and dispersal or
migration behaviour of vertebrates.

Constant M1 by ATG, sensitive to assumptions
regarding incoming R and maximum consumption
rates.

Coupling known without error, mechanisms
observed in mesoscale process studies apply to
population level, verification difficult.

it shares prey. Environmental conditions are seldom
considered. There is no conceptual impediment to
adding environmental forcing factors, but when they are
coupled to dynamic multispecies models the result is a
different class of model (i.e. dynamic system models).
Early dynamic multispecies models that address
species interactions (predation mortality and sometimes
prey-related growth) stemmed from the ecosystem
model of Andersen and Ursin (1977). They developed a
simulation model for the North Sea that incorporated
predator—prey feedback and the influence of fishery
removals. By simplifying the assumptions of food avail-
ability, they paved the way for the development of
equilibrium multispecies models and dynamic multi-
species models with species interactions (Ursin, 1982).
The models that resulted include retrospective assess-
ments of species interactions which include (Fig. 1):
virtual population analysis (VPA) models allowing for
cannibalism (while in a strict sense single-species models,
usually considered as honorary multispecies models);
multispecies VPA (MSVPA); and statistical assessment
models (SAM; single-species with predation). These

models require the same catch-at-age and abundance
indices as would be used in a congruent set of single-
species models. In addition, they require data on
predator ration and feeding preferences, often in the
form of synoptic stomach-content data sets.

Strong assumptions are often imposed when simplify-
ing the predator—prey interaction terms in dynamic
multispecies models. Commendable effort has been
placed on testing the assumptions underlying MSVPA.
Rice et al (1991) examined the stability of predator
preferences and prey vulnerabilities (expressed as suit-
abilities) for the North Sea over 4 years and these
analyses have since been extended (ICES, 1997). The
results indicate that suitabilities were fairly stable over
time. The impacts of relaxing assumptions regarding
impacts of stock density on growth (Gislason, 1999),
reproduction (Sparholt, 1995), and prey switching
(Hildén, 1988) have also been examined.

Several dynamic multispecies models have been
adapted to provide forward simulations to evaluate
potential impacts of fishing (Fig. 1). Studies of the
North Sea adopting the combined use of MSVPA and
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its forward projection (MSFOR) showed projections
to be most sensitive to assumptions about predator
recruitment (Pope, 1991).

SAMs invoke a forward fitting process based on
maximum-likelihood-fitting algorithms. These models
assume an age-structured model with the Baranov catch
equation as the underlying population model (Fournier
and Archibald, 1982). They allow the analyst flexibility
in selecting among multiple options regarding parameter
values within the assessment. Using this approach,
Livingston and Methot (1998) modified a single-species
stock synthesis assessment for Bering Sea pollock to
accommodate predation mortality. More recently,
SAMs have been modified to consider uncertainty
stemming from process and measurement errors.
Hollowed et al. (in press) used this approach to explore
the impact of assumptions regarding predator satiation,
and natural mortality other than predation mortality on
abundance trends and uncertainty in ending biomass
(survivors).

Aggregate system models

Aggregate system models (Fig. 1) are primarily used to
examine the energy flow and the mass balance of whole
ecosystems. In addition to data aggregation, most
models invoke equilibrium (steady-state) assumptions to
allow the user to solve for unknown biomasses. Also,
most models assume that food composition is known
without error, although this assumption can be relaxed
when independent biomass estimates are available (Bax
and Eliassen, 1990). Equilibrium assumptions can be
relaxed by specifying known changes in biomass of any
group. A general method of calculating energy flows
under the mass-balance assumption has been derived
using the ECOPATH model. Pauly et al. (this volume)
provides a summary of the marine ecosystems where
ECOPATH has been applied.

Dynamic simulations from the steady state have been
performed from some of these mass-balance food-web
models (Laevastu and Larkins, 1981; Bax and Eliassen,
1990) and in some cases spatial resolution and migration
have also been incorporated into the simulation. A
similar progression of the ECOPATH model is now
developing, allowing for dynamic simulation (ECOSIM)
and spatial definition (ECOSPACE; Walters, 1998; see
also Pauly et al., this volume).

Aggregate system models are primarily used to
describe trophic interactions within a community and to
examine the energy flow and the mass balance of whole
ecosystems. They rarely provide for environmental forc-
ing, although in ECOSIM trends in either the top or
bottom trophic level can be introduced, and their effects
followed through time (Walters, 1998). As an exception
to this generalization, Laevastu and Larkins (1981)
developed an aggregate system model of the Bering Sea

that included environmental influences on growth and
migration patterns of marine fish. Modelling results
generally represent marine ecosystems as predator-
controlled. Correspondingly, simulations of overexploi-
tation of dominant predators on Georges Bank show
shifts in community structure to dominance of pre-
viously subdominant predators (Collie and Delong,
1999).

Dynamic system models

Dynamic models of the ecosystem attempt to model
bottom-up and/or top-down forcing in a dynamic frame-
work. Compared with dynamic multispecies models,
dynamic system models have a higher level of detail at
the species level and include more detailed coupling of
physical forcing and its effect on biological interactions.
They may be used to explore hypotheses regarding the
mechanisms underlying the maintenance of ecosystem
properties (Levin et al., 1997). Several dynamic system
models have developed as extensions to dynamic
multispecies models to account for temporal and
spatial differences in the interactions of organisms.
MULTSPEC and BORMICON represent spatially
resolved predator—prey interactions between cod,
capelin, herring, and marine mammals in the Barents
Sea (Tjelmeland and Bogstad, 1998; Bogstad et al,
1992) and Iceland (Stefansson and Palsson, 1997),
respectively.

Individual-based models (IBM) have been coupled to
physical models to simulate processes influencing
secondary production in several marine ecosystems.
Similar approaches have been used to couple oceano-
graphic forcing to production of larval or juvenile fish
on Georges Bank (Werner et al., 1996) and in Shelikof
Strait (Hermann et al., 1996). Data limitations have
prevented the development of IBMs of the whole eco-
system. The high level of mechanistic coupling invokes a
large computational cost. Model formulations are often
verified using data sets obtained from interdisciplinary
research programmes focused on hypothesis-testing for
a selected group of key target species. Thus, they cur-
rently must remain restricted in their scope to higher
trophic levels.

Some dynamic system models have been developed
that represent physical coupling to the dynamics of prey,
and linked consequences on some of their predators. For
example, the European Regional Seas Ecosystem Model
provides a spatially resolved simulation model of the
planktonic food web of the North Sea using linked
models of primary production, secondary production,
and fish production (Bryant et al, 1995; Baretta et al.,
1995).

In terms of representation of the basic ecological
processes, dynamic system models tend to have
more trophodynamic structure than other classes of
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multispecies models. Generally, predator satiation and
compensatory abundance relationships among competi-
tors are both built in. The modelling emphasis usually is
on the coupling of environmental factors to species
abundance and interaction rates. Correspondingly, their
main use is in exploring responses of systems to environ-
mental disturbances. Lower trophic-level models are
possible because many of the functional biophysical
couplings can be estimated based on ocean physics when
simple trophodynamic relationships are applied. As
animals become larger and more mobile and feeding
responses become more complicated, the accuracy of
model predictions becomes more difficult to verify.

Comparison of multispecies models with
single-species models

Direct effects of fishing

Single-species  assessments include the

following steps:

typically

e Conduct a historical reconstruction of the stock to
establish key parameters and relationships and to
describe the current stock status (assessment).

e Propose specific actions (e.g. total allowable catch)
that will steer the stock towards a desired status
(short-term forecasting).

e Make long-term predictions of the likely future status
of the stock under various management scenarios to
establish desirable states (long-term forecasting).

e Advise on the robustness of management procedures
(precautionary approach).

It is questionable whether multispecies models
provide better advice than single-species models under
these headings. The available information regarding
trophic interactions and biophysical couplings is limited
in most marine ecosystems, and model verification is
difficult. Thus, multispecies models should be considered
as works in progress. As our knowledge of the func-
tional relationships governing trophic interactions and
the role of environmental disturbance on such relation-
ships improves, multispecies models offer the potential
of greater biological reality. The performance of
multispecies models relative to single-species models is
evaluated below.

Report card on assessment

Many single-species models impose strong assumptions
regarding natural mortality rates and seldom account
for temporal trends in mortality-at-age. Assuming
constant mortality places the annual variance in
predation mortality into other sources of variability
within the assessment (e.g. measurement error when
tuned to fishery-independent data). Temporal trends
in mortality resulting from applications of dynamic
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multispecies models can be used in single-species models
to explore the impact of alternative assumptions regard-
ing natural mortality on perceptions of stock status.
However, efforts should be made to minimize the circu-
larity of the interchange between single-species VPA and
MSVPA, because the results from the former are often
used to establish the initial conditions for some of the
adult stocks in the latter.

Dynamic multispecies models have commonly been
used to evaluate age-specific or temporal trends in
estimates of mortality (Sparholt, 1990). The ICES
Multispecies Assessment Working Group found that
accounting for inter- and intraspecific predation
mortality resulted in much higher mortality rates for
younger age classes than previously estimated, and these
rates varied from year to year (Pope, 1991). Similar
results were noted in models of pollock in the Gulf of
Alaska (Hollowed et al., in press) and eastern Bering
Sea (Livingston and Methot, 1998; Livingston and
Jurado-Molina, in press), and Atlantic cod stocks in
the Gulf of St. Lawrence, the Scotian Shelf and the
Barents Sea.

In practice, average levels of these new estimates of
mortality have often been adopted subsequently in
single-species assessments. In assessment terms, these
changed perceptions of mortality have different effects
on large species and on small species. For larger fish,
higher mortality applies mainly to pre-recruit and
juvenile fish, while for forage fish it applies to all
ages. With regard to evaluating ecosystem effects of
fishing, proportional upward scaling of pre-recruit year
classes adds little to understanding effects of fishing on
the older members of the target species. However, the
rescaled values may be important in evaluating the
effects of other fisheries that take pre-recruits as
by-catch.

Imposing temporal trends and revised estimates of
natural mortality stemming from dynamic multispecies
models changes the estimates of numbers of recruiting
ages. Pope (1991) observed that recruitment estimates
from multispecies models were typically highly corre-
lated, but scaled upwards, with earlier single-species
results. Comparison of results from dynamic multi-
species models from six ecosystems show similar results
(Fig. 2). It is tempting to interpret these results as
showing that using multispecies models makes little
difference to recruitment trends and hence offers little
benefit either to spawner—recruitment relationships or to
the calibration of survey results. However, it is interest-
ing to note that the eastern Bering Sea pollock stock,
which exhibits strong cannibalism and is relatively
lightly fished, shows temporal variations between single-
and multispecies model recruitment estimates. Whether
or not these differences stem from differences in the
modelling platform used (SAM versus MSVPA) or in
the actual feedback mechanisms must yet be determined.
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Figure 2. Estimates of recruitment based on single-species and multispecies models from six different ecosystems (EBS: eastern

Bering Sea; GOA: Gulf of Alaska).

Accounting for temporal trends in predation mortality
has been shown to verify hypotheses regarding the
potential role of cannibalism on recruitment success
(Sparholt, 1996; Gjoseter, 1998; Livingston and
Methot, 1998).

Multispecies models have been used to quantify the
relationship between Atlantic cod growth rates and prey
availability in Icelandic waters (Stefansson and Palsson,
1997), the Barents Sea (Tjelmeland and Bogstad, 1998),
and the Baltic Sea (Gislason, 1999). Growth limitation is
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apparent in these ecosystems because there are few
alternative prey species. Multispecies models can thus
help to explain the observed variations in size and age,
which in turn affect the calculation of reference levels
based on stock biomass, spawning biomass per recruit,
and yield per recruit.

Aggregate system models have generally been used to
describe trophic interactions within a community. For
example, Collie and DeLong (1999) constructed a
dynamic production model of the Georges Bank
community, which included four aggregated groups of
dominant species: flatfish, gadoids, pelagics, and
elasmobranchs. The most important interactions were
predation of pelagics by gadoids and elasmobranchs and
apparent competition between gadoids and elasmo-
branchs. Overexploitation of the gadoids and flatfish
shifted the community structure, allowing the elasmo-
branchs and, more recently, the pelagics, to increase in
abundance. Such models may explain changes that a
single-species model would have to regard as random
variation. In this example, the multispecies model fit was
statistically better than that of the corresponding set of
single-species models.

Report card on short-term forecasts

In the case of forage fish, impacts of predation on
age-specific natural mortality rates should be considered
in short-term forecasts. For example, the spatially
resolved MULTSPEC is routinely used to improve
predictions of the amount of capelin eaten by cod in the
Barents Sea in any one year, and thus help estimate the
biomass of capelin left for a directed fishery (Tjelmeland
and Bogstad, 1998).

Report card on long-term forecasts

The consequence of fluctuations in natural mortality, in
response to changes in stocks of predators, is that
altering fishing mortality rates will have indirect effects
on prey and predator species. The direction of these
effects may be counterintuitive. ICES (1988, 1989) used
MSVPA to examine the impact of changes in mesh size
and fishing effort in the North Sea. This exercise
revealed that changes that result in increased biomass of
the smaller predators could have unexpected negative
impacts on the species mix in the system. These findings
call into question the long-term predictions of single-
species models, which frequently predict the highest
yield to occur at low exploitation levels or large mesh
sizes without considering the implications of larger
stocks of predators. Long-term forecasts may also need
to account for the effect of prey abundance on predator
growth rates.

Aggregate system models have been used to evaluate
the overall potential yield from selected regions. These
analyses suggested that the overall potential yield from a
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multispecies fishery is likely to be less than the sum of
the individual potential yields (May et al., 1979; Pope,
1975). From an analysis of aggregate fish population
biomass in the North-west Atlantic using a bulk-
biomass surplus production model, Brown ez al. (1976)
also concluded that species interactions resulted in a
lower system-wide maximum sustainable yield than
would be inferred from the sum of individual species’
maximum yields. This is the result expected from a
tightly coupled system that is at least partly limited by
resources, because harvesting resource (prey) species
would reduce the capacity of consumer (predator)
species to generate harvestable biomass. Similar conclu-
sions were drawn from the use of ECOPATH (Pauly
et al., 1998).

Long-term predictions from single-species and multi-
species models remain uncertain because of the potential
influence of environmental variation on recruitment
(Fig. 2), because in both cases they are sensitive to
assumptions regarding recruitment variability. Gislason
(1993) reported that some MSFOR predictions were not
robust to recruitment variability, which constrained
their direct application for management decisions. How-
ever, it was possible, based on likely predation inter-
actions and resulting changes in abundance for a set of
different recruitment models, to determine whether a
particular model prediction was robust to changes in
recruitment of other species.

Predictions by aggregate models also should be
considered uncertain. In particular, the dependence of
the results on the level of taxonomic and age-group
aggregation has been well documented (Pimm and Rice,
1987; Polis, 1994; Goldwasser and Roughgarden, 1997).
Furthermore, as in any modelling exercise, model out-
puts are sensitive to changes in input parameters that are
typically uncertain for some ecosystem components
(Livingston, 1985; Bax, 1985).

In summary, it may be possible to predict quite
accurately long-term changes in trophic level or changes
in size frequency in response to fishing (Pope et al,
1988). The difficulty comes when predictions of the
impact of fishing on individual species are desired
because of the number of biotic and abiotic factors that
could mitigate or exaggerate the direct action of fishing,
and of the indeterminacy of systems with many indirect
linkages (Yodzis, 1988; Polis, 1994).

Report card on management strategies

ICES (1997) evaluated if and how multispecies inter-
actions might affect biological reference points and
rebuilding strategies based on single-species models. The
analysis showed that stock—recruitment curves and yield
curves may be distorted if multispecies effects are dis-
regarded. Specifically, yield-per-recruit and spawner-
biomass-per-recruit may be overestimated if predation
effects on stock production are not considered. Also,
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of harvest rates (solid contours). Broken lines indicate h,,,, the exploitation fraction for maximum sustainable yield from a

single-species model.

single-species models tended to wunderestimate the
recovery time in rebuilding programmes. Whether these
findings hold true for other ecosystems where fishing
mortality is comparatively low, and the role of abiotic
factors in controlling recruitment is high, has not been
determined, but the results underscore the need for
continued research on the short- and long-term impli-
cations of species interactions on biological reference
points.

Collie and DeLong (1999) and Gislason (1999)
applied multispecies simulation models to estimate opti-
mal harvest strategies for the Georges Bank and Baltic
Sea ecosystems, respectively. They found that it was
impossible to derive a single fixed value for Fyqy
(Fig. 3). The yield trajectories depended on the harvest
strategies imposed on other species in the system and on
assumptions regarding the probability of strong year
classes. They also noted that maximizing total yield may
not be the single best management objective, because it
would be achieved by eliminating the large predators.

Report card on depicting the role of environmental
disturbance

The larger the role of environmental forcing, the less
equilibrium-based models can represent actual system

dynamics. This concern has been recognized by, for
example, Caddy (1996) and Shepherd and Cushing
(1996), who have argued that stringent stock—
recruitment relationships are not present in marine fish
populations. Rather, extrinsic factors play such a strong
role in recruitment and non-fishing mortality that
equilibrium-based models will not capture the system
dynamics.

The evidence for environmental forcing is strong in
most marine systems (Steele, 1998; Francis et al., 1998).
Steele and Henderson (1984) hypothesized that non-
linear population processes can be amplified by decadal-
scale variability in environmental forcing, resulting in
abrupt shifts in fish abundance. Collie and Spencer
(1994) and Spencer and Collie (1997) confirmed these
results, and demonstrated that fishing mortality and/or
decadal variability may cause model systems to change
configuration abruptly. Their model was applied to
seasonal predation of Pacific herring by Pacific hake off
Vancouver Island, British Columbia, where the timing
of migration of Pacific hake, and hence predation on
herring, may be influenced by changes in oceanographic
conditions (Robinson and Ware, 1994).

In the absence of fully validated dynamic system
models of marine ecosystems, short-term predictions
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could be modified based on evaluations of proxies for
environmental processes. Beamish and McFarlane
(1999) developed a conceptual model of the Georgia
Strait ecosystem based on a long history of research in
the region. This model accounts for the influence of
decadal-scale climate variability on coho salmon pro-
duction based on proxies of secondary production,
competition for prey, and predatory impacts of Pacific
hake. These authors propose that harvest recommen-
dations should be evaluated in the context of observed
states of key environmental proxies.

Recent studies show fishing may have direct impacts
on benthic invertebrates and the substrates that support
them (Jennings and Kaiser, 1998). The link between
fishing, benthic habitat, and fisheries production
has been modelled for Australia’s north-west shelf
(Sainsbury et al., 1997). This topic is more thoroughly
covered by other contributions to this symposium.

Indirect effects of fishing

Report card on depicting biological processes and their
coupling
Multispecies modellers must specify the functional
relationships between predators and their prey, among
groups of competitors, and between physical forcing
factors and biological populations. Descriptive models
rarely represent these relationships explicitly, although
the statistical models’ fit to the data usually implicitly
assume a specific (often linear) form (Rice, this volume).
All other types require choosing some functional form,
and the choice often dominates model results. Although
it may be incorrect to treat dynamic processes such as
natural mortality and growth as constants, mis-
specification of a process may produce even more
erroneous results. Forward fitting models such as SAMs
that allow the use of priors for Bayesian analysis provide
one possible method for exploring alternative assump-
tions in a statistical manner (Ianelli and Fournier, 1998).
Evaluating effects of fishing on ecosystems often has to
be pursued by testing hypothetical conceptual models. If
hypotheses about ecosystem properties are to be tested,
multispecies models are essential, particularly aggregate
system models and dynamic system models. These
models help identify the sensitivity of model outcomes to
assumptions, they provide estimates of gross system mass
flows, and they isolate inconsistent population estimates
and feeding parameters. However, aggregate system
models may fail to diagnose serious errors in model
structures and may fail to isolate the components most
inaccurately represented because of the many indirect
interactions and types of solution algorithms.

Report card on indirect effects of exploitation
Many multispecies models are the product of efforts to
expand the factors included in assessment and forecast-
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ing to include predator-prey interactions and the
effects of physical forcing on stock dynamics (Rice and
Gislason, 1996). As such, they have the advantage of
greater biological reality. More generally from an
ecosystem perspective, an important element of these
models is that they must include the predators having
the greatest impact on commercial fish species, usually
down to their first year of life. Such predators often have
important effects on other components of the marine
ecosystem in the same size range (e.g. epibenthos).
Hence, estimates of the stomach contents of these pred-
ators together with knowledge of their biomass and
ration requirements could allow some quantification of
predation on these wider components of the ecosystem.
Thus, potentially there should be an ability to provide
some information on these species by using by-products
of multispecies stomach sampling programs. Aggregate
models give some ability to predict the effects of fishing
beyond the trophic levels included in dynamic multi-
species models, though at the expense of considerable
generalization.

As with the predictions of multispecies models on
target species, we need to question if these can be used
to predict indirect effects of fishing. It will be import-
ant to develop an idea of what side effects can be
specified. On a cautionary note, Beverton (1995) argues
that only first-order symmetric interactions, in which a
predator and the fishery exploit the same prey species,
are predictable. In first-order asymmetrical inter-
actions, in which the predator and a fishery exploit
different (interacting) prey species, he argues that even
the direction of change is unpredictable. Beyond this
level of abstraction, predation interactions become
more complicated and the results dependent on the
model specifications (Yodzis, 1988). However, we
note that multispecies models may also provide a basis
for developing hypotheses, which could be tested
through adaptive management such as developed by
Sainsbury et al. (1997) for a wider set of ecological
hypotheses.

Summary and research directions

Our comparison of single-species and multispecies
models indicates that the latter have the distinct advan-
tage of allowing the user to more realistically model
natural mortality and growth rates. An exception lies in
the use of single-species models for short-term predic-
tions of larger fish species where trends in predation
mortality are less evident. Our review also stipulates that
long-term predictions of multispecies models should be
considered works in progress owing to their sensitivity to
parameter estimation and in particular to assumptions
about recruitment levels. Likewise, multispecies models
may have some part to play in describing the indirect
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effects of fishing but again it may be wise to accept
general rather than specific predictions.

Our understanding of processes regulating popu-
lations has progressed far beyond the equilibrium view
contained in many models of marine ecosystems. Several
dynamic multispecies models and aggregate system
models are based on the principle that population regu-
lation is driven by species interactions and resource
limitation. These models incorporate only a subset of
the potential factors influencing production. In most
systems, temporal trends in predation mortality account
for only a minor fraction of the interannual variability
in marine production (Fig. 2). Cases where predation
mortality did account for a substantial fraction of
recruitment variability were located in relatively
species-poor, boreal communities, but it is also those
communities that have been most thoroughly quantified.

Dynamic system models that address all three regulat-
ory processes are being developed. However, data avail-
ability limits their use as prognostic tools for fisheries
management advice. In the short term, we may need to
rely on the development of predictive models based on
conceptual models of ecosystem function that address a
limited number of key species. Researchers are exploring
the use of this type of modelling construct by consider-
ing proxies for ecosystem characteristics when making
short-term yield forecasts (Beamish and McFarlane,
in press; Punt, 1997). The Fisheries Oceanography
Coordinated Investigations programme has imple-
mented this approach for a single-species assessment
model of Gulf of Alaska pollock by making qualitative
recruitment forecasts based on a suite of biophysical
proxies for complex processes thought to be important
in controlling recruitment (Megrey et al., 1996).

Existing multispecies models have clearly improved
our understanding of the dynamics of fish populations,
leading to improvements in the single-species models
used to predict the impact of fishing on individual target
species. But what are the implications of these ideas for
modelling the impact of fishing on marine ecosystems?
First, it is clear that multispecies interactions need to be
placed within the context of the myriad other factors
and processes influencing these systems. Second, multi-
species interactions occur within a spatial and onto-
genetic structure — models that lack this structure are
unlikely to have any predictive capacity because of the
complexity of the interactions. Third, this complexity
means that models with quite different properties may be
developed for any one system. Therefore, predictions
need to be addressed within a rigorous and testable
modelling framework. Finally, the multispecies inter-
actions of most interest in determining impacts of fishing
on marine ecosystems are those that cause marked
departures from the current condition — models con-
strained by equilibrium processes are unlikely to capture
these departures.

717

Acknowledgements

We thank Dr Paul Spencer, Dr Bernard Megrey, and
two anonymous reviewers for comments and suggestions
leading to improvement of this manuscript. We
also thank the meeting organizers for convening the
Symposium.

References

Anderson, K. P., and Ursin, E. 1977. A multispecies extension
to the Beverton and Holt theory, with accounts of phos-
phorous circulation and primary production. Meddelelser fra
Danmarks Fiskeri- og Havundersgelser, N.S. 7: 319-435.

Andrewartha, H. G., and Birch, L. C. 1954. The Distribution
and Abundance of Animals. University of Chicago Press,
Chicago. 782 pp.

Bailey, K. M., and Houde, E. D. 1989. Predation of eggs and
larvae of marine fishes and the recruitment problem.
Advances in Marine Biology, 25: 1-83.

Baretta, J. W., Ebenhoh, W., and Ruardij, P. 1995. The
European Regional Seas Ecosystem Model: a complex
marine ecosystem model. Netherlands Journal of Sea
Research, 33: 233-246.

Batchelder, H. P., and Williams, R. 1995. Individual-based
modelling of the population dynamics of Metridia lucens in
the North Atlantic. ICES Journal of Marine Science, 52:
469-482.

Batchelder, H. P., and Miller, C. B. 1989. Life history and
population dynamics of Metridia pacifica: results from
simulation modelling. Ecological Modelling, 48: 113-136.

Bax, N. 1985. Application of multi- and univariate techniques
of sensitivity analysis to SKEBUB, a biomass-based fisheries
ecosystem model parameterized to Georges Bank. Ecological
Modelling, 29: 353-382.

Bax, N. J. 1991. A comparison of fish biomass flow to fish,
fisheries, and mammals in six marine ecosystems. ICES
Marine Science Symposia, 193: 217-227.

Bax, N. J. 1998. The significance and prediction of predation in
marine fishes. ICES Journal of Marine Science, 55: 997-1030.

Bax, N., and Eliassen, J. E. 1990. Multispecies analysis
in Balsfjord, northern Norway: solution and sensitivity
analysis of a simple ecosystem model. Journal du Conseil
International pour ’Exploration de la Mer, 47: 175-204.

Beamish, R. J., and McFarlane, G. A. 1999. Applying eco-
system management to fisheries in the Strait of Georgia.
In Ecosystem Approaches for Fisheries Management,
pp. 637-664. Alaska Sea Grant College Program,
AK-SG-99-01. 756 pp. (In press.)

Beverton, R. J. H. 1995. Spatial limitation of population size;
the concentration hypothesis. Netherlands Journal of Sea
Research, 34: 1-6.

Bogstad, B., Tjelmeland, S., Tjelta, T., and Ulltang, O. 1992.
Description of a multispecies model for the Barents Sea
(MULTSPEC) and a study of its sensitivity to assumptions
on food preferences and stock sizes of minke whales and
harp seals. Institute of Marine Research, Nordnes, Bergen,
Norway. SC/44/0 9. 47 pp.

Brett, M. T., and Goldman, C. R. 1997. Consumer versus
resource control in freshwater pelagic food webs. Science,
275: 384-386.

Brown, B. E., Brennan, J. A., Heyerdahl, E. G., Grosslein,
M. D., and Hennemuth, R. C. 1976. The effect of fishing
on the marine finfish biomass of the Northwest Atlantic
from the Gulf of Maine to Cape Hatteras. International



718

Commission for Northwest Atlantic Fisheries Research
Bulletin, 12: 49-68.

Bryant, A. D., Heath, M. R., Broekhuizen, N., Ollason, J. G.,
Gurney, W. S. C., and Greenstreet, S. P. R. 1995. Modeling
the predation, growth and population dynamics of fish
within a spatially-resolved shelf-sea ecosystem model.
Netherlands Journal of Sea Research, 33: 407-421.

Caddy, J. A. 1996. Regime shifts and paradigm changes: is
there still a place for equilibrium thinking? Fisheries
Research, 25: 219-230.

Caswell, H. 1978. Predator mediated co-existence: a non-
equilibrium model. American Naturalist, 112(983): 127-154.

Chesson, P. L. 1983. Coexistence of competitors in a
stochastic environment: the storage effect. Lecture Notes in
Biomathematics, 52: 188-198.

Collie, J. S., and DeLong, A. K. 1999. Multispecies interactions
in the Georges Bank fish community. In Ecosystem
Approaches for Fisheries Management, pp. 187-210. Alaska
Sea Grant College Program, AK-SG-99-01.

Collie, J. S., and Spencer, P. D. 1994. Modeling predator—prey
dynamics in a fluctuating environment. Canadian Journal of
Fisheries and Aquatic Science, 51: 2665-2672.

Den Boer, P. J. 1986. The present status of the competitive
exclusion principle. TREE, 1(1): 25-28.

Fournier, D., and Archibald, C. P. 1982. A general theory for
analyzing catch at age data. Canadian Journal of Fisheries
and Aquatic Sciences, 39: 1195-1207.

Francis, R. C., Hare, S. R., Hollowed, A. B., and Wooster,
W. S. 1998. Effects of interdecadal climate variability on
the oceanic ecosystems of the northeast Pacific. Fisheries
Oceanography, 7: 1-20.

Gislason, H. 1991. The influence of variations in recruitment on
multispecies yield predictions in the North Sea. ICES Marine
Science Symposia, 193: 50-59.

Gislason, H. 1993. Effect of changes in recruitment levels on
multispecies long-term predictions. Canadian Journal of
Fisheries and Aquatic Sciences, 50: 2315-2322.

Gislason, H. 1999. Single and multispecies reference points for
Baltic fish stocks. ICES Journal of Marine Science, 56:
571-583.

Gjoseter, H. 1998. The population biology and exploitation of
capelin (Mallotus villosus) in the Barents Sea. Sarsia, 83.

Goldwasser, L., and Roughgarden, J. 1997. Sampling effects
and the estimation of food-web properties. Ecology, 78:
41-54.

Hermann, A. J., Hinckley, S., Megrey, B. A., and Stabeno, P.
1996. Interannual variability of the early life history of
walleye pollock near Shelikof Strait as inferred from
a spatially explicit, individual-based model. Fisheries
Oceanography, 5(Suppl 1): 39-57.

Hildén, M. 1988. Significance of the functional response of
predators to changes in prey abundance in multispecies
virtual population analysis. Canadian Journal of Fisheries
and Aquatic Sciences, 45: 89-96.

Hollowed, A. B., Ianelli, J., and Livingston, P. 2000. Including
predation mortality in stock assessments: a case study for
Gulf of Alaska walleye pollock. ICES Journal of Marine
Science. (In press.)

Tanelli, J. N., and Fournier, D. A. 1998. Alternative age-
structured analyses of the NRC simulated stock assessment
data. In Analyses of Simulated Data Sets in Support of the
NRC Study on Stock Assessment Methods. Ed. by V. R.
Restrepo. United States Department of Commerce. NOAA
Technical Memorandum NMFS-F/SPO-30. 96 pp.

ICES 1988. Report of the Multispecies Assessment Working
Group, Copenhagen, 1-8 June 1988. ICES CM 1988/Assess:
23.

A. B. Hollowed et al.

ICES 1989. Report of the Multispecies Assessment Working
Group. Copenhagen, 7-16 June 1989. ICES CM 1989/Assess:
20.

ICES 1994. Report of the Multispecies Assessment Working
Group, Copenhagen. ICES CM 1994/Assess: 9.

ICES 1997. Multispecies considerations in the development and
provision of precautionary advice — report from the 1997
meeting of the Multispecies Assessment Working Group.
Prepared by J. Rice. ICES CM 1997/V: 2.

Jennings, S., and Kaiser, M. J. 1998. The effects of fishing
on marine ecosystems. Advances in Marine Biology, 34:
203-302.

Kerr, S. R., and Ryder, R. A. 1989. Current approaches to
multispecies analyses of marine fisheries. Canadian Journal
of Fisheries and Aquatic Sciences, 46: 528-534.

Laevastu, T., and Larkins, H. A. 1981. Marine Fisheries
Ecosystem: Its Quantitative Evaluation and Management.
Fishing News Books Ltd, Surrey, England. 159 pp.

Levin, S. A., Grenfell, B., Hastings, A., and Perelson, A. S.
1997. Mathematical and computational challenges in popu-
lation biology and ecosystems science. Science, 275: 334-343.

Livingston, P. A. 1985. An ecosystem model evaluation: the
importance of fish food habits data. United States Marine
Fisheries Review, 47: 9-12.

Livingston, P. A., and Jurado-Molina, J. 2000. A multispecies
virtual population analysis of the eastern Bering Sea. ICES
Journal of Marine Science. (In press.)

Livingston, P. A., and Methot, R. 1998. Incorporation of
predation into a population assessment model of eastern
Bering Sea walleye pollock. In Fishery Stock Assessment
Models of the 21st Century. Alaska Sea Grant College
Program Publication, AK-SG-98-01.

MacArthur, R. H., and Levins, R. 1967. The limiting similarity,
convergence and divergence of coexisting species. American
Naturalist, 101: 377-385.

Magnusson, K. G. 1995. An overview of multispecies VPA —
theory and applications. Reviews in Fish Biology and
Fisheries, 5: 195-212.

May, R. M., Beddington, J. R., Clark, C. W., Holt, S. J., and
Laws, R. W. 1979. Management of Multispecies Fisheries.
Science, 205: 267-277.

Megrey, B. A., Hollowed, A. B., Hare, S. R., Macklin, S. A.,
and Stabeno, P. J. 1996. Contributions of FOCI research to
forecasts of year-class strength of walleye pollock in Shelikof
Strait, Alaska. Fisheries Oceanography, 5(Suppl 1): 189-203.

Miller, C. B., Lynch, D. R., Carlotti, F., Gentleman, W., and
Lewis, C. V. W. 1998. Coupling of an individual-based
population dynamic model of Calanus finmarchicus to a
circulation model for the Georges Bank region. Fisheries
Oceanography, 7(3/4): 219-234.

Murawski, S. A. 1984. Mixed-species yield per recruitment
analyses accounting for technological interactions. Canadian
Journal of Fisheries and Aquatic Sciences, 41: 897-916.

Murphy, E. J., Wakins, J. L., Reid, K., Trathan, P. N,
Everson, 1., Croxall, J. P., Priddle, J., Brandon, M. A.,
Brierley, A. S., and Hoffman, E. 1998. Interannual variability
in the South Georgia marine ecosystem: biological and
physical sources of variation in the abundance of krill.
Fisheries Oceanography, 7: 381-390.

Nicholson, A. J. 1933. The balance of animal populations.
Journal of Animal Ecology, 2: 132-178.

Overholtz, W. J., and Tyler, A. V. 1986. An explora-
tory simulation model of competition and predation on a
demersal fish assemblage on Georges Bank. Transactions of
American Fisheries Society, 115: 805-817.

Pauly, D., Christensen, V., Dalsgaard, J., Froese, R., and
Torres, F. Jr 1998. Fishing down marine food webs. Science,
279: 860-863.



Models for measuring fishing impacts on marine ecosystems

Pauly, D., Christensen, V., and Walters, C. 2000. Ecopath,
Ecosim, and Ecospace as tools for evaluating ecosystem
impact of fisheries. ICES Journal of Marine Science, 57:
697-706.

Pikitch, E. K. 1991. Technological interactions in the U.S. West
Coast groundfish trawl fishery and their implications for
management. ICES Marine Science Symposia, 193: 253-263.

Pimm, S. L., and Rice, J. C. 1987. The dynamics of multi-
species, multi-life-stage models of aquatic food webs.
Theoretical Population Biology, 32: 303-325.

Polis, G. A. 1994. Food webs, trophic cascades and community
structure. Australian Journal of Ecology, 19: 121-136.

Pope, J. G. 1975. The effect of biological interaction on the
theory of mixed fisheries. International Commission
Northwest Atlantic Fisheries Selected Papers, 1975: 157-162.

Pope, J. G. 1991. The ICES multispecies assessment group:
evolution, insights and future problems. ICES Marine
Science Symposia, 193: 23-33.

Pope, J. G., Stokes, T. K., Murawski, S. A., and lodine, S. L.
1988. A comparison of fish size-composition in the North Sea
and on Georges Bank. /n Ecodynamics: Contributions to
Theoretical Ecology, pp. 146-152. Ed. by W. Wolff, C. J.
Soeder, and F. R. Drepper. Springer-Verlag, Berlin. 349 pp.

Punt, A. 1997. The effects of future consumption by seals on
catches of Cape hake off South Africa. In Global Trends in
Fisheries Management, pp. 107-112. Ed. by E. K. Pikitch,
D. D. Huppert, and M. P. Sissenwiro. American Fisheries
Society, Bethesda, Maryland.

Ralston, S., and Polovina, J. J. 1982. A multispecies analysis of
the commercial deep-sea handline fishery in Hawaii. Fisheries
Bulletin, 80: 435-448.

Rice, J. C. 1995. Food web theory, marine food webs, and what
climate change may do to northern marine fish populations.
In Climate Change and Northern Fish Populations,
pp. 516-568. Ed. by R. J. Beamish. Canadian Special
Publication Fisheries and Aquatic Science, 121.

Rice, J. C. 2000. Evaluating fishery impacts using metrics of
community structure. ICES Journal of Marine Science, 57:
682-688.

Rice, J. C., Daan, N., Pope, J. G., and Gislason, H. 1991. The
stability of estimates of suitabilities in MSVPA over four
years of data from predator stomachs. ICES Marine Science
Symposia, 193: 34-45.

Rice, J., and Gislason, H. 1996. Patterns of change in the size
spectra of numbers and diversity of the North Sea fish
assemblage, as reflected in surveys and models. ICES Journal
of Marine Science, 53: 1214-1225.

Robinson, C. L. K., and Ware, D. M. 1994. Modelling
pelagic fish and plankton trophodynamics off southwestern
Vancouver Island, British Columbia. Canadian Journal of
Fisheries and Aquatic Sciences, 51: 1737-1751.

Sainsbury, K. J., Campbell, R. A., Lindholm, R., and
Whitelaw, A. W. 1997. Experimental management of an
Australian multispecies fishery: examining the possibility of

719

trawl induced habitat modification. /n Global Trends in
Fisheries Management, pp. 107-112. Ed. by E. K. Pikitch,
D. D. Huppert, and M. P. Sissenwine. American Fisheries
Society, Bethesda, Maryland.

Shepherd, J. G., and Cushing, D. H. 1996. Regulation of fish
populations: myth of mirage? Philosophical Transactions of
the Royal Society London B, 330: 151-164.

Skud, B. E. 1982. Dominance in fishes: the relation between
environment and abundance. Science, 216: 144-149.

Sparholt, H. 1990. Improved estimates of the natural mortality
rates of nine commercially important fish species included in
the North Sea multispecies VPA model. Journal du Conseil
International pour ’Exploration de la Mer, 46: 211-223.

Sparholt, H. 1995. Using the MSVPA/MSFOR model to
estimate the right-hand side of the Ricker curve for Baltic
cod. ICES Journal of Marine Science, 52: 819-826.

Sparholt, H. 1996. Causal correlation between recruitment and
spawning stock size of central Baltic cod? ICES Journal of
Marine Science, 53: 771-779.

Sparre, P. 1991. Introduction to multispecies virtual population
analysis. ICES Marine Science Symposia, 193: 12-21.

Spencer, P. D., and Collie, J. S. 1997. Patterns of population
variability in marine fish stocks. Fisheries Oceanography, 6:
188-204.

Steele, J. H. 1998. From carbon flux to regime shift. Fisheries
Oceanography, 7(3/4): 176-181.

Steele, J. H., and Henderson, E. W. 1984. Modeling long-term
fluctuations in marine fish stocks. Science, 224: 985-987.

Stefansson, G., and Palsson, O. K. 1997. A Boreal Migration
and Consumption Model. Hafrannsoknastofnun Fjolrit NR.
Marine Research Institute Report, 58. 223 pp.

Tjelmeland, S., and Bogstad, B. 1998. MULTSPEC - a review
of multispecies modeling project for the Barents Sea.
Fisheries Research, 37: 127-142.

Walters, C. 1998. Ecosim and Ecospace: basic considerations.
In Use of Ecopath and Ecosim to Evaluate Strategies for
Sustainable Exploitation of Multi-Species Resources: Pro-
ceedings of a Workshop held March 25-27, 1998, pp. 11-14.
Ed. by D. Pauly. Fisheries Centre, University of British
Columbia, 2204 Main Mall, Vancouver, B.C., Canada
V6T 1Z4.

Werner, F. E., Perry, R. L., Lough, R. G., and Naimie, C. E.
1996. Trophodynamic and advective influences on Georges
Bank larval cod and haddock. Deep-Sea Research II,
43(7-8): 1793-1822.

Wiens, J. A. 1984. The nature and consequence of indirect
effects in ecological communities. Annual Review Ecology
and Systematics, 25: 443-466.

Ursin, E. 1982. Multispecies fish and yield assessment in ICES.
Canadian Special Publication Fisheries and Aquatic Science,
59: 39-47.

Yodzis, P. 1988. The indeterminacy of ecological interactions as
perceived through perturbation experiments. Ecology, 69:
508-515.



	Are multispecies models an improvement on single-species models for measuring fishing impacts on marine ecosystems?
	Introduction
	Major ecological processes
	Categorization of multispecies models
	Figure 1
	Dynamic multispecies models
	Table 1
	Aggregate system models
	Dynamic system models

	Comparison of multispecies models with single-species models
	Direct effects of fishing
	Report card on assessment

	Figure 2
	Report card on short-term forecasts
	Report card on long-term forecasts
	Report card on management strategies

	Figure 3
	Report card on depicting the role of environmental disturbance

	Indirect effects of fishing
	Report card on depicting biological processes and their coupling
	Report card on indirect effects of exploitation


	Summary and research directions
	Acknowledgements
	References


