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ABSTRACT

Aim Conservation efforts in Mediterranean-climate regions are complicated by

species’ variability in response to multiple threats. Functional type classifica-

tions incorporating life history traits with disturbance response strategies pro-

vide a framework for predicting groups of species’ response to fire, but it is

unclear whether these classifications will be useful when species are exposed to

multiple threats or differ in spatial context. We evaluate whether species of the

same fire-response functional type exhibit similar responses to disturbance rela-

tive to, and in combination with, climate and land-use change and whether the

dominant threat depends on spatial context.

Location Mediterranean southern California.

Methods We developed species distribution models under current and future

climate conditions for two fire-obligate seeding native shrub species that differ

in geographical location and area of occupancy. Dynamic habitat maps repre-

senting alternative scenarios of climate change and urban growth were coupled

with population models and simulated stochastic fire regimes.

Results The disturbance that defines their classification, fire, is projected to be

the most serious threat to both species when fire frequency is high. At

longer fire return intervals, however, the projected ranking of threats differed

between the species, and spatial context played an important role in defining

vulnerability.

Main conclusions Considering ongoing increases in fire frequency in Mediter-

ranean-climate regions worldwide, functional type classification based on

disturbance response may continue to provide a useful framework for biodiver-

sity conservation efforts, but spatial context should also be accounted for. It

may be most useful to consider the distribution of vulnerable species with

regard to urban development patterns, areas of ‘high-velocity’ climate shifts,

and places where altered fire regimes are likely to interact with other threats.

Keywords

Altered fire regimes, biodiversity, climate change, global change, land-use
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INTRODUCTION

Mediterranean-climate ecosystems are consistently identified

as regions of high global conservation concern (Klausmeyer

& Shaw, 2009). Their unique climatic and edaphic conditions

support exceptional species richness and endemism, espe-

cially of plants, but biodiversity in Mediterranean ecosystems

is threatened by multiple global change factors, particularly

altered fire regimes, climate change and land-use change

(M�edail & Qu�ezel, 1999). The urgent need to implement
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conservation measures in Mediterranean ecosystems is com-

plicated due to large uncertainties about how species will

respond to multiple stressors and their interactions.

Because species vary in their sensitivity to different stres-

sors, conservation management approaches may be differen-

tially effective, depending on the species. If species traits

pre-dispose them to extinction by certain stressors, then

grouping species that share attributes can facilitate the pre-

diction and management of global change impacts. Func-

tional type classifications typically incorporate life history

and demographic traits with disturbance response strategies.

These groups of species, particularly plants, show predictable

changes along environmental and disturbance gradients

(Noble & Gitay, 1996; Rusch et al., 2003). Thus, functional

types are employed in conservation and management assess-

ments (e.g. Bradstock & Kenny, 2003; Gondard et al., 2003);

are used to predict vegetation change at the landscape scale

(e.g. Pausas & Lloret, 2007; Millington et al., 2009); and

form the foundation for global change impact assessments in

Dynamic Global Vegetation Models (DGVMs, Bachelet et al.,

2001). Despite demonstrated success in simplifying impact

assessments under specific drivers of change, what remains

unclear is whether functional type classifications will still be

useful under simultaneous changes from multiple threats

(Lavorel et al., 2007). Also, unclear is the role of spatial con-

text and whether species with similar traits but different

locations, extents of occurrence and areas of occupancy will

exhibit predictable responses to multiple threats.

In Mediterranean-climate ecosystems, most functional

type classifications involve species’ post-fire-response strate-

gies (Bradstock & Kenny, 2003; Pausas, 2003) because fire is

a key process that shapes ecosystem structure and function.

These classifications have been useful for understanding how

species vary in response to altered fire regimes (e.g. Syphard

et al., 2006; Pausas & Lloret, 2007), which is a primary

threat to biodiversity in these regions (Syphard et al., 2009).

For example, serotinous or obligate seeder species that pro-

duce fire-refractory seeds may be disproportionately vulnera-

ble to unnaturally high fire frequency compared with species

that vigorously resprout in response to fire (Keeley et al.,

2012).

It is reasonable to hypothesize that species grouped by fire

response may exhibit similar responses to climate change

because fire-adaptive traits are correlated with other life his-

tory characteristics that affect vulnerability to climate change,

such as tolerance to water stress or dispersal mode (Keeley

et al., 2012). Climate also controls the distribution of wild-

fire (Syphard et al., 2008). Prediction accuracy for species

distribution models (SDMs) of plants in southern California,

based largely on climate, was significantly related to fire

response (Syphard & Franklin, 2009), suggesting a relation-

ship between disturbance and functional type distribution.

Obligate seeders may also be disproportionately sensitive to

changing climate, as drought and warming in the Mediterra-

nean Basin reduced the competitive ability of an obligate

seeder relative to an obligate resprouter (Prieto et al., 2009).

Even if fire-response functional types are useful for

predicting species’ responses to climate change, additional

uncertainties arise when considering land-use change, which

has been the primary threat to biodiversity in Mediterranean

ecosystems (Underwood et al., 2009) and may override the

effects of climate, at least in the short term (Lavorel et al.,

1998). This is because, even if groups occupy similar

portions of environmental (niche) space, they may occur in

distinct areas of geographical (range) space. Land-use change

does not occur randomly across a landscape, and housing

development can preferentially occupy particular habitat

types (Underwood et al., 2009). Species preferences in rela-

tion to temperature and soil acidity have been correlated

with urban land use (Knapp et al., 2009). Therefore, certain

functional types may be disproportionately vulnerable to

habitat loss from urban development if their distributions in

environmental space correlate with patterns of land use.

Projecting the relative vulnerability of species or functional

types to multiple stressors, particularly under future scenar-

ios, invariably requires some form of modelling. Assessing

impacts of altered fire regimes on plant functional types

often involves simulation modelling of successional dynamics

under alternative scenarios (e.g. Pausas, 2003; Syphard et al.,

2006); and the primary tool used to predict impacts of cli-

mate change on biodiversity is SDMs (Franklin, 2010). The

use of SDMs alone in predicting impacts of climate change

has been criticized because SDMs do not typically account

for demographic or other factors that control how species

may adapt to change, nor do they account for processes driv-

ing distribution dynamics (Akc�akaya et al., 2006). Therefore,

the use of SDMs in concert with other modelling approaches,

such as process-based or phylogeographical models, has been

recommended (Keith et al., 2008; Keppel et al., 2012).

Here, we follow these recent advances and integrate species

distribution and population models to compare relative

impacts of altered fire regimes, climate change and urban

development on two obligate seeding native shrub species in

Mediterranean southern California. Although the species are

in the same genus with similar fire-response strategies,

demographic characteristics and life history traits, they differ

in geographical location and area of occupancy. Therefore,

we tested the assumption that functional types are a useful

framework for predicting vulnerability to global change in

the face of multiple threats and different spatial contexts.

We asked the following questions:

1. Do two species within the same fire-response functional

type exhibit similar responses to disturbance relative to, and

in combination with, climate and land-use change?

2. Does the dominant threat to the functional type depend

on the spatial context of the threat or distribution of the

species?

METHODS

We developed SDMs under current and future climate con-

ditions for two congeneric species and overlaid the maps of
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predicted habitat suitability with projections of urban devel-

opment. Dynamic habitat maps representing climate change

and urban growth scenarios were coupled with population

models and simulated stochastic fire regimes (additional

details in Appendix S1 in Supporting Information).

Study area and species

The study area includes 16,076 km2 of land located within the

Natural Communities Conservation Planning area, a subarea

of California’s Southwest Ecoregion (as defined in Hickman,

1993), where the most extensive vegetation type is chaparral

shrublands. The obligate seeding species we compared are

from the genus Ceanothus and the Cerastes subgenus, with

species particularly tolerant of drought (Davis et al., 1999).

Ceanothus greggii var. perplexans (C. greggii henceforth) is

located farther inland, in higher elevation, chaparral-

dominated areas that are partly protected as national forests.

Ceanothus verrucosus is located in some of the last remaining

open-habitat areas distributed in fragments along the south-

ern coastal portion of the study area. Ceanothus verrucosus is

much rarer than C. greggii, although both are endemic. The

species also occupy distinct areas in environmental space, as

the higher elevation and further inland distribution of

C. greggii brings higher summer and lower winter tempera-

tures, a shorter period of summer drought and higher average

precipitation (Davis et al., 1999).

Species distribution and urban growth modelling

To create habitat maps to integrate with population models,

we used MaxEnt (Phillips & Dud�ık, 2008) because of its high

performance with presence-only data (Elith et al., 2006).

MaxEnt assigns a probability of species presence in each cell

in a map by iteratively evaluating contrasts between values of

environmental predictor variables at species occurrence loca-

tions, and for a large background sample of the predictor

variables across the entire study area (Elith et al., 2011).

Although we present only the results from MaxEnt in this

study, we created SDMs using other modelling methods

(Generalized Additive Models and Random Forests), which

produced similar predictions at the landscape scale. We

obtained 104 presence records for C. verrucosus and 172

records for C. greggii from the San Diego Natural History

Museum and a database of vegetation plots.

To estimate models of habitat suitability under recent

climate conditions (i.e. averaged from 1970 to 1999), we

used climate data from the Parameter-Elevation Regressions

on Independent Slopes Model, available in a gridded map

format at 800 m, but that were downscaled to 90 m to

account for finer-scale topographic effects using spatial and

statistical interpolation methods (Flint & Flint, 2012). The

climate variables included mean January minimum tempera-

ture, mean July maximum temperature and mean annual

precipitation (Syphard & Franklin, 2009). Environmental

predictors also included soil and terrain variables known to

be important in predicting plant species distributions in the

study area (Syphard & Franklin, 2009). See Appendix S1.

To project potential habitat suitability under future cli-

mate conditions, we acquired projected future climatologies

based on two general circulation models (GCMs) for the

IPCC Fourth Assessment A2 emissions scenario: the National

Center for Atmospheric Research and the Department of

Energy’s Parallel Climate Model (PCM) that projects a

slightly wetter and hotter climate; and the National Oceanic

and Atmospheric Administration Geophysical Fluid Dynam-

ics Laboratory CM2.1 model (GFDL) that predicts a substan-

tially hotter and drier climate. Because predictions vary

among GCMs, it is common in species distribution model-

ling to acquire output from several models to bracket the

range of projections that are likely to occur (e.g. Heikkinen

et al., 2006; Beaumont et al., 2008). Although a model con-

sensus approach (averaging predictions across many GCMs)

is sometimes used (e.g. Brook et al., 2009), the GCMs used

here provide contrasting scenarios that most realistically sim-

ulate California’s climate (Cayan et al., 2008) and have been

used in other environmental projections for the region (Sork

et al., 2010; Flint & Flint, 2012). Projected temperature and

precipitation variables for 2070–2099 were averaged and

downscaled as before to represent projected climate ca. 2099.

To create habitat suitability maps under potential future cli-

mate conditions, we reprojected the MaxEnt model onto the

predictor variables while substituting the future climate data

for the current climate data.

Because the population model operates on discrete patches

of species habitat, it was necessary to select a threshold to

convert our map of continuously distributed probabilities of

species occurrence into a map representing a series of suit-

able habitat patches. We used ‘equal training sensitivity and

specificity’ as a threshold criterion (Freeman & Moisen,

2008) based on ‘availability’ data of MaxEnt. All areas with

probabilities of occurrence lower than the threshold value

were assigned a habitat suitability value of 0.

After applying the thresholds to the habitat maps, we used

maps of the current distribution of each species to distin-

guish between patches that were initially occupied for the

population models and patches that represented suitable but

unoccupied habitat. We assigned an initial habitat suitability

of 1.0 to all occupied habitat patches and maintained a con-

tinuous distribution of predicted probabilities (i.e. between

the threshold value and 1.0) for unoccupied suitable patches

to serve as indicators of relative habitat quality, which is

related to carrying capacity in the population models. To

create dynamic habitat maps across 100 years, we applied a

linear interpolation between the gridded habitat maps repre-

senting current and future climate on a cell-by-cell basis.

This resulted in 100 maps representing annual time steps

from 2000 to 2099 for the two climate models.

After creating the interpolated time series of habitat maps

for the climate models, we overlaid them with dynamic pro-

jections of urban growth. Spatially explicit, binary projections

of urban development were developed for the study area
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(Syphard et al., 2011) using SLEUTH, a cellular automaton

model that predicts future development as a function of past

drivers of development unique to each study area (Clarke,

2008). Publicly owned land and conservation reserves were

excluded from development in the simulations. Only

50 years of urban growth were simulated because the pre-

dicted rate of growth asymptotes in about 2020, and further

development beyond 2050 would be negligible according to

the assumptions and development trends in the model

(Syphard et al., 2011).

For all scenarios, we converted urban areas in 2000 to

habitat suitability of 0 where patches overlapped urban areas.

The habitat scenarios to input to the population model

included (1) current climate and no urban growth (status

quo); (2) GFDL or PCM climate change scenarios with no

urban growth (climate change only); (3) current climate with

50 years of urban growth (urban growth only); and (4)

climate change scenarios with 50 years of urban growth

(combined climate change and urban growth).

Population models

We based construction of the population models for C. greggii

and C. verrucosus on models established in the literature (Law-

son et al., 2010; Regan et al., 2010), which we updated with

recent data. As our aim was to gain insights into the impacts

of threats to a plant functional type, we used composite data

from obligate seeding species occurring in southern California

within the genus Ceanothus when data were lacking.

Survival rates

The population models for both species were structured as

age-based matrix models because most data were reported in

terms of stand age. Table 1 shows the rates used for both

species with relevant sources. Explanations of the population

model parameterization are detailed in Appendix S1. Envi-

ronmental variation in survival rates was represented via

a lognormal distribution with the means and standard devia-

tions described in Appendix S1 and presented in Table 1.

Demographic stochasticity was represented in all survival

parameters.

Fecundity and seed survival

A polynomial function was fitted to 5-year time series of

annual average seed production per plant for ages 6–10,

13–17, 32–36, 57–61, 82–86 years for north- and south-facing

slopes from Zammit & Zedler (1993) to estimate annual seed

production per plant for C. greggii (Appendix S1). Fifty per

cent of seeds produced by C. greggii shrubs in each year are

viable (Keeley, 1977), and seed predation was estimated as

74.8%. The average number of seeds entering the seed bank

per year (fecundity) was then calculated as the product of

the seed production function, first-year seed viability and

predation rate (Table 1). Due to evidence of high seed

turnover in the seed bank (Keeley, 1977) and high uncer-

tainty in seed bank viability, fecundities were further reduced

by a factor of 10; this ensured a stable average population

trajectory under the historic optimal fire regime (Lawson

et al., 2010; Regan et al., 2010). The fecundity per year was

drawn from a lognormal distribution with these calculated

means and a coefficient of variation of 200%.

As seed production rates were unavailable for C. verrucosus,

we used relative seed sizes to scale the fecundity of C. greggii

to a function more appropriate for C. verrucosus. We made

the following assumptions: average size of plants for both

species was approximately the same for each age class

(verified in Baldwin et al., 2012; Zammit & Zedler 1993),

C. greggii produces 50,700 seeds per kg and C. verrucosus

produces 141,100 seeds per kg (S & S Seeds, 2011), and

plants with smaller seeds produce more of them at a rate

directly proportional to relative seed weight. This results in

scaling the C. greggii fecundity equation by a factor of 2.78

to produce estimated fecundities for C. verrucosus (Table 1).

Annual viability of seeds in the soil-stored seed bank is

highly uncertain, but it is speculated that seed longevity is at

least 100 years (Keeley et al., 2006). The annual seed viability

of soil-stored seeds was back-calculated assuming a longevity

of 100 years for 95% of plants in the age class, with 5%

reaching older ages. Inter-patch seed dispersal is negligible

for both Ceanothus species.

Fires and post-fire recruitment

We used hazard functions based on the Weibull distribu-

tion to specify the probability of an unplanned fire,

kðtÞ ¼ ððctc�1ÞnbcÞ, where k(t) is the probability of a fire,

t is the time since last fire, c is a shape parameter describing

the change in fire probability through time and b is a scale

parameter that defines the fire recurrence interval (Moritz,

2003). The parameter c = 1.42 is the Maximum Likelihood

Estimate for mixed chaparral (Moritz, 2003) and the scale

parameter, b, was assigned such that the desired average fire

frequency coincided with the mode of the probability density

function for the fire interval distribution (Moritz, 2003). We

investigated the impacts of eight different average fire return

intervals (10, 20, …, 80 years) on abundances of C. greggii

and C. verrucosus. Each time a fire occurs, all standing plants

die, seeds germinate and the fire function is reset to k(0).
When seed fire mortality (90%; Quinn, 1994), predation of

exposed seeds (33%; Quinn, 1994), seedling emergence

(44/45; Quinn, 1994) and first-year survival (Table 1) are

accounted for, germination of the seed bank occurs at a rate

of 0.018 for C. greggii and 0.015 for C. verrucosus. In the

absence of fire, incidental germination from the seed bank

occurred at a rate of 10�7.

Carrying capacity and self-thinning

To ensure that simulated population densities remained within

biologically realistic bounds, ceiling carrying capacities, K,
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based on stand age were estimated using maximum recorded

densities in Zammit & Zedler (1993). Two sets of parameters

are required to calculate K across the landscape: the per hect-

are maximum density of plants in the largest-sized age class

and the relative differences in K across age classes. A carrying

capacity of 150 plants per ha was estimated for 60 + year

old stands of C. greggii. For C. verrucosus, a carrying

capacity of 1173 per ha for age 60 + shrubs was estimated

(refer to Appendix S1). The large difference in K for the

two species is due to differences in spatial heterogeneity of

suitable habitat throughout the species ranges: very large

patches of suitable habitat, that are unlikely to comprise a

monoculture of Ceanothus across the entire patch, are pre-

dicted for C. greggii, whereas very small patches of suitable

habitat, that could conceivably comprise Ceanothus plants

across the entire patch, are predicted for C. verrucosus. The

relative weights, or multiplication factors, used for scaling

K by age class were estimated using age-specific data on

canopy area from Zammit & Zedler (1993). The function of

best fit, standardized so the largest-sized age class is

weighted at 1.0 is

WðxÞ ¼
100; x ¼ 1
1=ð0:27 lnðxÞ � 0:14Þ; 2� x� 6
5:936x0:435; 7� x� 59
1:0; x� 60

8>><
>>:

where x is the age of plants. When multiplied by the species-

specific K for age 60 + years, the function above gives the

carrying capacity per hectare for each age class in maximally

suitable habitat. Patch-specific carrying capacities in each

time step were then calculated as the sum of habitat suitabil-

ity indices across all cells in the patch for the relevant time

step multiplied by the appropriate age-specific carrying

capacity for the area of a cell (1 ha), which is how the effects

Table 1 Parameters and data sources used in the construction of the population models.

Parameter

Ceanothus greggii Ceanothus verrucosus

Mean values (SD or CV) Reference Mean values (SD or CV) Reference

Fecundity (incl.

seed predation

and 1st year

seed viability)

� 0:0431x2 þ 4:2696x

þ 129:79

x ¼ age of plant

ðCV ¼ 200%Þ

Zammit & Zedler

(1993); Keeley

(1977); Davey

(1982)

� 0:2044x2 þ 20:6527x

þ 255:31

x ¼ age of plant

ðCV ¼ 200%Þ

Zammit & Zedler (1993); S & S

Seeds (2011); Keeley (1977);

Davey (1982)

Annual seed

bank viability

0.9705 Assume 5% of seed

bank survives for

> 100 years (Keeley

et al., 2006)

0.9705 Assume 5% of seed bank survives

for > 100 years (Keeley et al.,

2006)

Post-fire

germination rate

(including 1st

year survival)

0.01807 Schmalbach (2005);

Keeley et al. (2006);

Regan et al. (2010)

0.01504 Tyler & D’Antonio (1995);

Thomas & Davis (1989); Frazer &

Davis (1988); Keeley et al. (2006);

Regan et al. (2010)

Age 1

survival

0.95 (SD = 0.19) Keeley et al. (2006) 0.707 (SD = 0.253) Thomas & Davis (1989); Keeley

et al. (2006)

Age 2

survival

0.99 (SD = 0.0017) Keeley et al. (2006) 0.707 (SD = 0.253) Thomas & Davis (1989); Keeley

et al. (2006)

Age 3 – 5

survival

0.99 (SD = 0.0017) Keeley et al. (2006) 0.718 (SD = 0.016) Tyler & D’Antonio (1995);

Thomas & Davis (1989); Frazer &

Davis (1988); Odion and Davis

(2000); Keeley et al. (2006)

Age 6 – 12

survival

0.9925 (SD = 0.0017) Zammit & Zedler

(1993)

0.9925 (SD = 0.0017) Zammit & Zedler (1993)

Age 13 – 31

survival

0.9971 (SD = 0.0033) Zammit & Zedler

(1993)

0.9971 (SD = 0.0033) Zammit & Zedler (1993)

Age 32 – 56

survival

0.9776 (SD = 0.0102) Zammit & Zedler

(1993)

0.9776 (SD = 0.0102) Zammit & Zedler (1993)

Age 57 – 81

survival

0.9694 (SD = 0.0096) Zammit & Zedler

(1993)

0.9694 (SD = 0.0096) Zammit & Zedler (1993)

Age 82 – 97 +

survival

0.8384 (SD = 0.0023) Assume 5% of age

class survive to

> 100 years old

(Keeley 2006)

0.8384 (SD = 0.0023) Assume 5% of age class survive to

> 100 years old (Keeley 2006)

K/ha for age 60+ 150 Zammit & Zedler

(1993); J. Franklin,

unpublished data

1173 Zammit & Zedler (1993);

unpublished data
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of climate change on habitat suitability were incorporated

into the population model (Keith et al., 2008). Density

dependence was implemented by reducing rates of survival

and growth (due to intra-specific competition) such that

abundance declined faster than the self-thinning function,

W(x), as plant age increased whenever a population exceeded

the carrying capacity of its habitat patch. Initial abundances

in occupied patches were set at 80% of K for age 16 plants

to correspond with average observed densities: 207 individu-

als/ha for C. greggii and 1623 individuals/ha for C. verrucosus.

The initial seed bank was calculated to be commensurate

with the initial number of age 16 plants to give 2811 seeds

per ha for C. greggii and 7511 seeds per ha for C. verrucosus.

Stochasticity was incorporated through Monte Carlo simu-

lations for 1000 replications over a 100-year time period to

account for natural variation in the fire events and the popu-

lation demographic rates. Expected minimum abundances

(EMA) across the 1000 replications were used to compare all

treatments (McCarthy & Thompson, 2001).

RESULTS

Habitat change

The SDM of current habitat for C. verrucosus had a training

accuracy of 0.99, as measured by the area under the curve

(AUC) of the receiver operating characteristic. The AUC for

C. greggii was 0.93. Both species showed ‘ecologically sensi-

ble’ unimodal responses to climate variables (Austin, 2002),

and C. verrucosus exhibited a narrower range of tolerance to

mean annual precipitation and was limited to substantially

drier conditions (optimum 300 mm) than C. greggii (opti-

mum 800 mm; see Appendix S1). Ceanothus verrucosus also

showed a warmer optimum winter temperature and cooler

optimum summer temperature than C. greggii, consistent

with its coastal distribution. Both species had upper limits of

summer maximum temperature tolerance of 32–34°C.
For both C. verrucosus and C. greggii, the largest area of

projected habitat loss occurred under the GFDL future cli-

mate change scenario that predicts substantially hotter and

drier climate conditions (Figs 1& 2). Only a small propor-

tion of C. greggii habitat was projected to remain by 2100.

Under the PCM climate change scenario that predicts hotter

and wetter climate conditions, C. greggii habitat was also

projected to decline, but there was a slight gain in habitat

projected for C. verrucosus. In addition to net changes in

habitat extent, habitat distribution was also projected to shift

under projected future climate conditions, reflecting both

gains and losses for both species (Fig. 2).

Because most urban development in the next 50 years was

projected to occur in the western portion of the study area,

only the habitat of C. verrucosus was substantially affected by

urban development in the simulations (Figs 1& 3). Ceano-

thus verrucosus was predicted to lose 4163 ha, or 27% of its
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Figure 1 Proportion of landscape occupied by suitable habitat for Ceanothus verrucosus and C. greggii under scenarios of climate

change only, urban growth only and urban growth combined with climate change for the Parallel Climate Model and Geophysical Fluid

Dynamics Laboratory models. Note difference in y-axes.
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current extent, to urban growth by approximately 2020, after

which the rate of habitat loss subsided. Less than 1%

(650 ha) of C. greggii habitat was projected to be converted

into urban development.

Although urban development contributed to the largest

initial habitat loss for C. verrucosus under both climate

scenarios, the rate of habitat loss due to a combination of

climate change and urban development in the GFDL scenario

rapidly exceeded that due to urban growth alone, while habi-

tat loss under climate change without urban growth occurred

more slowly (Fig. 1). In the PCM scenario, urban growth

offsets the net gain in C. verrucosus habitat that otherwise

occurred with climate change alone.

Population projections under altered fire regimes

When population dynamics under a range of average fire

return intervals were simulated in addition to habitat

changes, both species were most sensitive to high fire fre-

quency (Fig. 4). However, if average fire return intervals

were longer than 10–20 years for C. greggii, the EMA was

most strongly affected by the projected habitat decline under

climate change, particularly under the GFDL scenario. The

sensitivity to short fire return intervals was more pronounced

under the PCM scenario and scenarios with no climate

change (urban growth and status quo with static maps).

Ceanothus greggii population abundance closely mirrored the

decline in habitat under climate change when the average fire

return interval was � 30 years.

For C. verrucosus, the projected difference in EMA was

substantially less pronounced among the climate change and

urban growth scenarios than for C. greggii, and fire was

clearly the most substantial threat when average fire return

intervals were shorter than approximately 30 years (Fig. 4).

When the climate change scenarios were modelled without

urban growth and the average fire return interval was

� 30 years, the EMA mirrored the habitat decline predicted

through the SDMs, as it did for C. greggii. The projected

EMA was similar under the PCM-only and urban growth–

only scenarios across most fire return intervals. However,

when PCM and urban growth were modelled together, the

projected EMA was substantially lower.

DISCUSSION

Our comparison of how two species of the same functional

type responded to a range of stressors revealed that the dis-

turbance that defines their classification, fire, is likely to

have the most significant negative impact on population

persistence at short fire return intervals. Under all climate

change and urban growth scenarios, average fire return

intervals shorter than

10–20 years resulted in similarly low-estimated minimum

abundances. At longer fire return intervals, however, the

Figure 2 Maps of Ceanothus verrucosus

and C. greggii habitat projected as gained,

lost or stable after 100 years of climate

change for the Parallel Climate Model

and Geophysical Fluid Dynamics

Laboratory general circulation models.

Study area contains most of San Diego

and Orange Counties, as well as portions

of Riverside, Los Angeles and San

Bernardino Counties, CA, USA

(see inset).
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dominant threats to the species differed in rank and magni-

tude. Therefore, if fire becomes increasingly frequent in the

future, it will likely override the influence of other threats

for this functional type, regardless of where the species is

located on the landscape. Otherwise, the spatial context of

the threat and species distribution could make substantial

difference in these obligate seeders’ vulnerability to multiple

stressors.

The sensitivity of obligate seeder shrub species to high fire

recurrence has been widely documented (Zedler et al., 1983;

Haidinger & Keeley, 1993; Regan et al., 2010; Swab et al.,

2012). This vulnerability ironically results from the fire-

dependent reproductive trait of these species. Obligate seed-

ers rarely germinate between fires and thus require fire for

recruitment. Yet, they require sufficient time between fires to

reach reproductive maturity and to replenish their seed bank,

without which they will be locally extirpated and potentially

replaced with exotic annual grasslands. In all Mediterranean

regions, and particularly in southern California, average fire

return intervals have been decreasing largely due to popula-

tion growth and increased human-caused ignitions (Keeley

et al., 1999; Syphard et al., 2009); and climate change could

exacerbate this situation (Mouillot et al., 2002; Moriondo

et al., 2006). Altered fire regimes are thus a serious current

and ongoing threat for obligate seeders.

Despite the similar response to short fire return intervals,

the species differed in their relative vulnerabilities to pro-

jected climate change and land-use change. Although

C. greggii currently has a much broader distribution than

C. verrucosus, climate change projections suggest that its hab-

itat proportion and area could contract to a greater extent

than that of C. verrucosus. This discrepancy is particularly

the case in the PCM scenario, in which precipitation is not

predicted to decline as much and in which C. verrucosus was

projected to have a net increase in available habitat.

The species’ modelled responses exhibited different esti-

mated tolerances to the climate variables in the model. The rea-

son for the extreme contraction of C. greggii but not

C. verrucosus is that the combination of temperature and pre-

cipitation conditions in the current realized niche of C. greggii

is projected to be less extensive under climate change than the

combination of climate conditions for the realized niche of

C. verrucosus. This underscores the complexity in forecasting

the effects of future threats and the importance of considering

C. greggiiC. verrucosus

Climate change

Urban growth

Urban growth and
climate change

Figure 3 Maps of suitable habitat

probability (low-to-high probability as a

gradient from white to black) for

Ceanothus verrucosus and C. greggii under

scenarios of urban growth only, climate

change only and urban growth combined

with climate change for the Parallel

Climate Model.
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spatial context in future conditions, as C. greggii is currently

considered common and widespread, while C. verrucosus, a

species of conservation concern, has a limited distribution

already fragmented and reduced by historical land-use change.

Future habitat suitability maps are based on the assumption

that species are limited to those conditions under which they

are currently distributed; however, it is unknown the extent to

which they could tolerate a broader range of climate conditions.

Although we presented only the results of one SDM in this

study, a comparison with projections from other commonly

used SDMs showed similar projections. Also, although there

were differences in habitat projections between the two GCMs

that we used, particularly for C. verrucosus, these differences

did not change the overall conclusions of the study regarding

the relative rankings of multiple stressors on the two species.

The other clear difference in impacts was that C. greggii

was not expected to experience substantial habitat decline

from urban development, while urban development may be

more of a threat to C. verrucosus than climate change. This

is because most urban development was predicted to occur

closer to the coast near the current urban footprint, where

current and projected future C. verrucosus habitat is located.

Much of the C. greggii habitat also overlaps national forest

land, which was assumed to be protected from development.

Although the fire-response functional type classification

indeed captures the similarity in these species’ vulnerability

to very high fire frequencies, even in the presence of other

stressors, the spatial context becomes much more important

when fire is projected to be less frequent. At longer fire

return intervals, the ranking of threats differs between the

species such that the most serious projected threat for C. ver-

rucosus is still fire, followed by urban growth, then climate

change; whereas climate change is the most serious projected

threat for C. greggii, followed by fire, then urban growth.

It is therefore important in the context of conservation

management in Mediterranean-climate regions to understand

where and how fire regimes are likely to change in the future.

Documented increases in fire frequency, particularly in south-

ern California, are spatially distributed such that fire is most

frequent where there are intermediate levels of population and

urban development, likely due to a juxtaposition of high

human ignitions with continuous vegetation and poorer fire-

fighter access (Syphard et al., 2007, 2009; Lampin-Maillet

et al., 2010). If population increases in the less-developed

areas around C. greggii habitat, future urban growth could

have larger impacts on C. greggii than on C. verrucosus due to

this indirect effect on fire regimes rather than direct habitat

loss. On the other hand, although fire was consistently the big-

gest threat to C. verrucosus, fire frequency will likely be lower

in the isolated urban habitat remnants where it occurs (Gill &

Williams, 1996). In addition to interactions between urban

growth and fire, there is potential for strong, yet uncertain,

interactions between climate change and fire. If climate change

contributes to the recurrence of prolonged drought conditions

in the region, the potential for increased fire hazard could

increase, as most megafires in southern CA (individual fires

larger than 50,000 ha) have been associated with anomalously

long antecedent droughts (Keeley & Zedler, 2009).
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In Mediterranean-climate regions, functional types centred

on fire response substantially improve capacity to predict

vegetation change under altered fire regimes. However, else-

where and for other global change drivers, other combina-

tions of traits may better define functional response (Lavorel

et al. 2007). Despite ongoing efforts to identify which suite

of species’ characteristics best captures overall variation in

vegetation response to global change, the results of this study

call into question the efficacy of doing so when species face

multiple, simultaneous threats. This is because the ranking of

the threat, and consequently the best conservation actions,

may depend on spatial context. More work is therefore

needed, using a broader range of species and regions, to illu-

minate the robustness of different functional classifications

under a range of simultaneous drivers of change and to bet-

ter understand the role of spatial context. For example, for

different groups of Banksia species, spatial context influenced

relative vulnerability to projected climate change, particularly

in relation to land transformation (Yates et al. 2010). Further

demographic data collection is also needed for both Ceano-

thus species studied here, particularly responses of early plant

stages to changes in temperature and precipitation (while

species-specific data were used to estimate survival rates for

C. greggii, composite data from other obligate seeding

Ceanothus species were used for early C. verrucosus survival.)

Regarding conservation in Mediterranean regions, it may be

useful to consider the distribution of vulnerable species in

relation to land-use change, areas of ‘high-velocity’ climate

shifts (Loarie et al., 2009) and places where altered fire regimes

are likely to interact with other threats. There is potential to

incorporate these considerations into emerging frameworks

for biodiversity conservation in Mediterranean regions based

on attributes of resilience and resistance (Prober et al. 2012).

In conclusion, our results show that threats in combination

may exacerbate any one threat in isolation, and it is important

to consider them simultaneously.

ACKNOWLEDGEMENTS

This work was supported by National Science Foundation

(NSF-DEB-0824708), Department of Energy (DE-FC02-

06ER64159) and California Landscape Conservation Cooper-

ative (5288768). The work represents the findings of the

authors and does not reflect the opinion of the sponsors.

We are grateful to A. and L. Flint for providing access to

downscaled climate data and to S. Ferrier and an anony-

mous reviewer for providing helpful suggestions on the

manuscript.

REFERENCES

Akc�akaya, H.R., Butchart, S.H.M., Mace, G.M., Stuart, S.N.

& Hilton-Taylor, C. (2006) Use and misuse of the IUCN

Red List Criteria in projecting climate change impacts on

biodiversity. Global Change Biology, 12, 2037–2043.

Austin, M.P. (2002) Spatial prediction of species distribution:

an interface between ecological theory and statistical mod-

elling. Ecological Modelling, 157, 101–118.

Bachelet, D., Lenihan, J.M., Daly, C., Neilson, R.P., Ojima,

D.S. & Parton, W.J. (2001) MC1: dynamic vegetation model

for estimating the distribution of vegetation and associated

carbon, nutrients, and water: technical documentation.

Version 1.0. USDA Forest Service, Pacific Northwest

Research Station, Portland, OR.

Baldwin, B.G., Goldman, D.H., Keil, D.J., Patterson, R. &

Rosatti, T.J. (eds) (2012) The Jepson Manual: Vascular

Plants of California, 2nd edn. University of California

Press, Berkeley, USA

Beaumont, L.J., Hughes, L. & Pitman, A.J. (2008) Why is the

choice of future climate scenarios for species distribution

modelling important? Ecology Letters, 11, 1135–1146.

Bradstock, R.A. & Kenny, B.J. (2003) An application of plant

functional types to fire management in a conservation

reserve in southeastern Australia. Journal of Vegetation

Science, 14, 345–354.

Brook, B.W., Akc�akaya, H.R., Keith, D.A., Mace, G.M., Pear-

son, R.G. & Ara�ujo, M.B. (2009) Integrating bioclimate with

population models to improve forecasts of species extinc-

tions under climate change. Biology Letters, 5, 723–725.

Cayan, D.R., Maurer, E.P., Dettinger, M.D., Tyree, M. &

Hayhoe, K. (2008) Climate change scenarios for the Cali-

fornia region. Climatic Change, 87, S21–S42.

Clarke, K.C. (2008) A decade of cellular urban modeling

with SLEUTH. Planning support systems for cities and

regions (ed. by R.K. Brail), pp. 47–60. Lincoln Institute of

Land Policy, Cambridge, MA.

Davey, J.R. (1982) Stand replacement in Ceanothus crassifo-

lius. California State Polytechnic University, Pomona.

Davis, S.D., Ewers, F.W., Wood, J., Reeves, J. & Kolb, K.J.

(1999) Differential susceptibility to xylem cavitation among

three pairs of Ceanothus species in the transverse mountain

ranges of southern California. Ecoscience, 6, 180–186.

Elith, J., Graham, C.H., Anderson, R.P. et al. (2006) Novel

methods improve prediction of species’ distributions from

occurrence data. Ecography, 29, 129–151.

Elith, J., Phillips, S.J., Hastie, T., Dud�ık, M., Chee, Y.E. &

Yates, C.J. (2011) A statistical explanation of MaxEnt for

ecologists. Diversity & Distributions, 17, 43–57.

Flint, A.L. & Flint, L.E. (2012) Downscaling future climate

scenarios to fine scales for hydrologic and ecologic

modeling and analysis. Ecological Processes, 1, 2. doi: 10.

1186/2192-1709-1-2.

Franklin, J. (2010) Mapping species distributions: spatial

inference and prediction. Cambridge University Press, New

York.

Frazer, J.M. & Davis, S.D. (1988) Differential survival of

chaparral seedlings during the first summer drought after

wildfire. Oecologia, 76, 215–221.

Freeman, E.A. & Moisen, G.G. (2008) A comparison of the

performance of threshold criteria for binary classification

10 Diversity and Distributions, 1–12, ª 2013 Blackwell Publishing Ltd

A. D. Syphard et al.



in terms of predicted prevalence. Ecological Modelling, 217,

48–58.

Gill, A.M. & Williams, J.E. (1996) Fire regimes and biodiver-

sity: the effects of fragmentation of southeastern Australian

eucalypt forests by urbanisation, agriculture and pine plan-

tations. Forest Ecology and Management, 85, 261–278.

Gondard, H., Jauffret, S., Aronson, J. & Lavorel, S. (2003)

Plant functional types: a promising tool for management

and restoration of degraded lands. Applied Vegetation

Science, 6, 223–234.

Haidinger, T.L. & Keeley, J.E. (1993) Role of high fire

frequency in destruction of mixed chaparral. Madro~no, 40,

141–147.

Heikkinen, R.K., Luoto, M., Ara�ujo, M.B., Virkkala, R.,

Thuiller, W. & Sykes, M.T. (2006) Methods and uncertain-

ties in bioclimatic envelope modelling under climate

change. Progress in Physical Geography, 30, 751–777.

Hickman, J.D. (ed.) (1993) The Jepson manual: higher plants

of California. University of California Press, Berkeley, CA.

Keeley, J.E. (1977) Seed production, seed populations in soil,

and seedling production after fire for two congeneric pairs

of sprouting and non-sprouting chaparral shrubs. Ecology,

58, 820–829.

Keeley, J.E. & Zedler, P.A. (2009) Large, high intensity fire

events in southern California shrublands: debunking the

fine-grained age-patch model. Ecological Applications, 19,

69–94.

Keeley, J.E., Fotheringham, C.J. & Morais, M. (1999) Reex-

amining fire suppression impacts on brushland fire

regimes. Science, 284, 1829–1832.

Keeley, J.E., Fotheringham, C.J. & Baer-Keeley, M. (2006)

Demographic patterns of postfire regeneration in Mediter-

ranean-climate shrublands of California. Ecological Mono-

graphs, 76, 235–255.

Keeley, J.E., Bond, W.J., Bradstock, R.A., Pausas, J.G. &

Rundel, P.W. (2012) Fire in Mediterranean ecosystems

ecology, evolution and management. Cambridge University

Press, Cambridge, UK.

Keith, D.A., Akc�akaya, H.R., Thuiller, W., Midgley, G.F.,

Pearson, R.G., Phillips, S.J., Regan, H.M., Ara�ujo, M.B. &

Rebelo, T.G. (2008) Predicting extinction risks under

climate change: coupling stochastic population models with

dynamic bioclimatic habitat models. Biology Letters, 4, 560

–563.

Keppel, G., Van Niel, K.P., Wardell-Johnson, G.W., Yates,

C.J., Byrne, M., Mucina, L., Schut, A.G.T., Hopper, S.D. &

Franklin, S.E. (2012) Refugia: identifying and understand-

ing safe havens for biodiversity under climate change.

Global Ecology and Biogeography, 21, 393–404.

Klausmeyer, K.R. & Shaw, M.R. (2009) Climate change, hab-

itat loss, protected areas and the climate adaptation poten-

tial of species in Mediterranean ecosystems worldwide.

PLoS ONE, 4, e6392.

Knapp, S., K€uhn, I., Bakker, J.P., Kleyer, M., Klotz, S.,

Ozinga, W.A., Poschlod, P., Thompson, K., Thuiller, W. &

R€omermann, C. (2009) How species traits and affinity to

urban land use control large-scale species frequency. Diver-

sity and Distributions, 15, 533–546.

Lampin-Maillet, C., Jappiot, M., Long, M., Bouillon, C., Morge,

D. & Ferrier, J.P. (2010) Mapping wildland-urban interfaces

at large scales integrating housing density and vegetation

aggregation for fire prevention in the South of France. Journal

of Environmental Management, 91, 732–741.

Lavorel, S., Canadell, J., Rambal, S. & Terradas, J. (1998)

Mediterranean terrestrial ecosystems: research priorities on

global change effects. Global Ecology and Biogeography

Letters, 7, 157–166.

Lavorel, S., D�ıaz, S., Cornelissen, J., Garnier, E., Harrison, S.,

Mcintyre, S., Pausas, J., P�erez-Harguindeguy, N., Roumet,

C. & Urcelay, C. (2007) Plant functional types: are we get-

ting any closer to the Holy Grail? Terrestrial Ecosystems in

a Changing World, (ed. by J.G. Canadell, D. Pataki and L.

Pitelka) pp. 149–164. Springer, New York.

Lawson, D.M., Regan, H.M., Zedler, P.H. & Franklin, J.

(2010) Cumulative effects of land use, altered fire regime

and climate change on persistence of Ceanothus verrucosus,

a rare, fire-dependent plant species. Global Change Biology,

16, 2518–2529.

Loarie, S.R., Duffy, P.B., Hamilton, H., Asner, G.P., Field,

C.B. & Ackerly, D.D. (2009) The velocity of climate

change. Nature, 462, 1052–1055.

McCarthy, M.A. & Thompson, C. (2001) Expected minimum

population size as a measure of threat. Animal Conserva-

tion, 4, 351–355.

M�edail, F. & Qu�ezel, P. (1999) Biodiversity hotspots in the

Mediterranean Basin: setting global conservation priorities.

Conservation Biology, 13, 1510–1513.

Millington, J.D.A., Wainwright, J., Perry, G.L.W., Romero-

Calcerrada, R. & Malamud, B.D. (2009) Modelling Medi-

terranean landscape succession-disturbance dynamics: a

landscape fire-succession model. Environmental Modelling

& Software, 24, 1196–1208.

Moriondo, M., Good, P., Durao, R., Bindi, M., Giannakopo-

ulos, C. & Corte-Real, J. (2006) Potential impact of climate

change on fire risk in the Mediterranean area. Climate

Research, 31, 85–95.

Moritz, M.A. (2003) Spatiotemporal analysis of controls on

shrubland fire regimes: age dependency and fire hazard.

Ecology, 84, 351–361.

Mouillot, F., Rambal, S. & Joffre, R. (2002) Simulating

climate change impacts on fire frequency and vegetation

dynamics in a Mediterranean-type ecosystem. Global

Change Biology, 8, 423–437.

Noble, I.R. & Gitay, H. (1996) A functional classification for

predicting the dynamics of landscapes. Journal of Vegeta-

tion Science, 7, 329–336.

Pausas, J.G. (2003) The effect of landscape pattern on Medi-

terranean vegetation dynamics: a modelling approach using

functional types. Journal of Vegetation Science, 14, 365–374.

Pausas, J.G. & Lloret, F. (2007) Spatial and temporal patterns

of plant functional types under simulated fire regimes.

International Journal of Wildland Fire, 16, 484–492.

Diversity and Distributions, 1–12, ª 2013 Blackwell Publishing Ltd 11

Functional type vulnerability to multiple threats



Phillips, S.J. & Dud�ık, M. (2008) Modeling of species distri-

butions with Maxent: new extensions and a comprehensive

evaluation. Ecography, 31, 161–175.

Prieto, P., Pe~nuelas, J., Llusi�a, J., Asensio, D. & Estiarte, M.

(2009) Effects of experimental warming and drought on

biomass accumulation in a Mediterranean shrubland. Plant

Ecology, 205, 179–191.

Prober, S.M., Thiele, K.R., Rundel, P.W., Yates, C.J., Berry,

S.L., Byrne, M., Christidis, L., Gosper, C.R., Grierson,

P.F., Lemson, K., Lyons, T., MacFarlane, C., O’Connor,

M.H., Recher, H.F., Scott, J.K., Standish, R.J., Stock,

W.D., van Etten, E.J.B., Wardell-Johnson, G.W. & Wat-

son, A. (2012) Facilitating adaptation of biodiversity to

climate change: a conceptual framework applied to the

world’s largest Mediterranean-climate woodland. Climatic

Change, 110, 227–248.

Quinn, R.D. (1994) Animals, fire, and vertebrate herbivory

in Californian chaparral and other Mediterranean-type

ecosystems. The role of fire in Mediterranean-type ecosystems

(ed. by J.M. Moreno and W.C. Oechel), pp. 46–77.

Springer-Verlag, New York.

Regan, H.M., Crookston, J.B., Swab, R., Franklin, J. &

Lawson, D.M. (2010) Habitat fragmentation and altered

fire regime create trade-offs for an obligate seeding shrub.

Ecology, 91, 1114–1123.

Rusch, G.M., Pausas, J.G. & Leps, J. (2003) Plant functional

types in relation to disturbance and land use: introduction.

Journal of Vegetation Science, 14, 307–310.

Schmalbach, H.L. (2005) Effects of post-fire regeneration in

the chaparral community at Sky Oaks Field Station. MS

Thesis. San Diego State University, San Diego, CA, 48 pp.

Sork, V.L., Davis, F.W., Westfall, R., Flint, A., Ikegami, M.,

Wang, H.F. & Grivet, D. (2010) Gene movement and

genetic association with regional climate gradients in

California valley oak (Quercus lobata Nee) in the face of

climate change. Molecular Ecology, 19, 3806–3823.

S&S Seeds (2011) Seed Selection Guide. Available at: http://

www.ssseeds.com/media/218482/ssseeds_guide.pdf (accessed

5 March 2013).

Swab, R.M., Regan, H.M., Keith, D.A., Regan, T.J. & Ooi,

M.K.J. (2012) Niche models tell half the story: spatial con-

text and life-history traits influence species responses to

global change. Journal of Biogeography, 39, 1266–1277.

Syphard, A.D. & Franklin, J. (2009) Differences in spatial

predictions among species distribution modeling methods

vary with species traits and environmental predictors. Ecog-

raphy, 32, 907–918.

Syphard, A.D., Franklin, J. & Keeley, J.E. (2006) Simulating

the effects of frequent fire on southern California coastal

shrublands. Ecological Applications, 16, 1744–1756.

Syphard, A.D., Radeloff, V.C., Keeley, J.E., Hawbaker, T.J.,

Clayton, M.K., Stewart, S.I. & Hammer, R.B. (2007)

Human influence on California fire regimes. Ecological

Applications, 17, 1388–1402.

Syphard, A.D., Radeloff, V.C., Keuler, N.S., Taylor, R.S.,

Hawbaker, T.J., Stewart, S.I. & Clayton, M.K. (2008) Pre-

dicting spatial patterns of fire on a southern California

landscape. International Journal of Wildland Fire, 17, 602.

Syphard, A.D., Radeloff, V.C., Hawbaker, T.J. & Stewart, S.I.

(2009) Conservation threats due to human-caused increases

in fire frequency in Mediterranean-climate ecosystems.

Conservation Biology, 23, 758–769.

Syphard, A.D., Clarke, K.C., Franklin, J., Regan, H.M. &

McGinnis, M. (2011) Forecasts of habitat loss and

fragmentation due to urban growth are sensitive to source

of input data. Journal of Environmental Management, 92,

1882–1893.

Thomas, C.M. & Davis, S.D. (1989) Recovery patterns of

three chaparral shrub species after wildfire. Oecologia, 80,

309–320.

Tyler, C.M. & D’Antonio, C.M. (1995) The effects of neigh-

bors on the growth and survival of shrub seedlings follow-

ing fire. Oecologia, 102, 255–264.

Underwood, E.C., Viers, J.H., Klausmeyer, K.R., Cox, R.L. &

Shaw, M.R. (2009) Threats and biodiversity in the Mediter-

ranean biome. Diversity & Distributions, 15, 188–197.

Yates, C.J., McNeill, A., Elith, J. & Midgley, G.F. (2010)

Assessing the impacts of climate change and land transfor-

mation on Banksia in the Southwest Australian Floristic

Region. Diversity and Distributions, 16, 187–201.

Zammit, C.A. & Zedler, P.H. (1993) Size structure and seed

production in even-aged populations of Ceanothus greggii

in mixed chaparral. Journal of Ecology, 81, 499–511.

Zedler, P.H., Clayton, R.G. & McMaster, G.S. (1983) Vegeta-

tion change in response to extreme events: the effect of a

short interval between fires in California chaparral and

coastal scrub. Ecology, 64, 809–818.

SUPPORTING INFORMATION

Additional Supporting Information may be found in the

online version of this article:

Appendix S1 Details of species distribution modelling and

population modelling methods.

BIOSKETCH

Alexandra D. Syphard’s research focuses on interactions

among human and natural disturbances and their effects on

landscape change and the persistence of native biodiversity.

She is especially interested in vegetation dynamics and wild-

fire in Mediterranean ecosystems; the influence of humans

on fire regimes; and the distributional dynamics of native

plants.

Author contributions: A.D.S., H.M.R. and J.F. conceived the

ideas; A.D.S., H.M.R., J.F., R.M.S. and T.C.B. constructed the

models, generated results and analysed the data; A.D.S.,

H.M.R. and J.F. led the writing.

Editor: Simon Ferrier

12 Diversity and Distributions, 1–12, ª 2013 Blackwell Publishing Ltd

A. D. Syphard et al.


