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Abstract

Uncertainties in sediment quality assessments are discussed in five categories: (1) sed-
iment sampling, transport and storage; (2) sediment chemistry; (3) ecotoxicology; (4)
benthic community structure; and (5) data uncertainties and QA/QC. Three major ex-
posure routes are considered: whole sediments, and waters in sediment pores and at
the sediment-water interface. If these uncertainties are not recognized and addressed in
the assessment process, then erroneous conclusions may result. Recommendations are
provided for addressing the identified uncertainties in each of the key areas. The pur-
pose of this paper is to improve the reporting of sediment quality assessments.

Keywords: risk assessment, weight-of-evidence, contamination, toxicity, benthos

Introduction

Any meaningful assessment of sediment quality needs to involve consideration of multi-
ple lines of evidence, typically from sediment chemistry, ecotoxicology, and benthic ecol-
ogy. Implicit in any such evaluation will be the assumption that the quality of the data
is acceptable. There are, however, a number of uncertainties and limitations associated
with measurements in each of these lines of evidence some of which have been the sub-
ject of previous publications (ASTM 1994; Burton 1991; 1995a,b; Burton et al. 2000; Envi-
ronment Canada 1994; Carr et al. 2001; US EPA 2002). While many of the researchers in-
volved in developing the protocols for particular chemical, ecotoxicological or ecological
studies may be aware of and indeed may have documented these limitations, these are of-

ten lost in subsequent adoption by users.
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This paper discusses such uncertainties and limitations relative to weight-of-evidence
(WOE) sediment quality assessments for whole sediment, pore water, and water at the
sediment water interface (SWI). Specific issues are discussed, and recommended resolu-
tions proposed.

Sediment Sampling, Transport and Storage

Prior to any measurements, the first potential source of errors in sediment assessment can
arise during sampling of sediment, pore, and sediment-water interface (SWI) waters, in
particular the possibility for changes in chemical speciation (Batley 1999) and bioavail-
ability (Burton 1991). Sediment and pore or SWI water composition is spatially and in
some cases (Chapman and Wang 2001), temporally variable. Sampling issues provide the
largest source of uncertainty in sediment data sets (Crumbling et al. 2001). The choice of
appropriate reference sites is also critical; multiple reference sites are preferred. The sedi-
ments in both reference and exposed sites should have the same gross physical and chem-
ical characteristics, including such parameters as grain size, particulate organic carbon,
and the same overlying water characteristics in terms especially of pH, hardness and sa-
linity. Biological parameters (i.e., resident biota, particularly the benthos) should also be
broadly similar in terms of the distribution of major taxa (e.g., family level) and biomass.

Numerous publications have documented the artifacts that may result from different
sampling collection, handling and manipulation procedures, along with differences in
chemistry and toxicity resulting from use of different methods (e.g., dredge sample vs.
core sample) (e.g., citations in ASTM 1994; Burton 1991; Diamond et al. 2002; Environ-
ment Canada 1994; US EPA 2002). However, there is little agreement on the preferred
methods to use or clear guidance on the relationship between methods and possible ar-
tifacts. Given the varying heterogeneity of sediments, no one method can be universally
applied to all sediment assessments. Rather, it is important that sediment investigators
have a clear understanding of the unique advantages and limitations of the various meth-
ods and possible artifacts that may result from their use.

Sediment Heterogeneity

Sediments are notoriously both physically and chemically heterogeneous (Burton 1995b;
Watzin et al. 1997). From a management and cost perspective, there are sampling issues
involved in describing the extent of contaminant distributions both laterally and verti-
cally (the latter being more an issue in sediments being dredged and disposed of at sea).
There are also important heterogeneity issues in determining the toxic impacts of a con-
taminated area. In addition to the well-known vertical and horizontal gradients that ex-
ist in sediments from diagenesis and contamination dilution, respectively, are patchiness
issues. In particular, stream systems are extremely patchy from a physical, chemical and
biological perspective (Minshall 1988). Recent studies (Shuttleworth and Davison 1999)
have provided evidence for the presence of metal microniches in sediments, and similar
microniches of bacterial activity have also been detected (Apte et al. unpublished results;
Stemmer et al. 1990ab).
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Spatial averaging may be appropriate for the study being conducted, but if the concern
is to determine “hot spots” then more detailed sampling is needed. However, if the con-
cern is to determine broad-scale or relative sediment contamination, then less extensive
sampling may be required. Any spatial averaging must be appropriate to the study pur-
pose and to the chemical and biological measurements. Without knowing the variability
of the site, it is difficult to determine the ecological significance of contamination and set
effective clean-up goals.

Sediment and Pore Water Sampling Depths

In depositional areas, sediment deposition typically occurs at rates between 2 and 10
mm/year. For accurate chemical characterization of contaminant distributions, sediments
are often sampled at depth intervals of 1 or 2 cm. However, for toxicity testing, sediments
are usually collected as cores or grab samples, where sediments are homogenized over
depths of several to tens of centimeters. Oxic sediments are confined to the uppermost
layer, which may be 2 cm or greater in sandy sediments, but typically as little as the top 2
mm or less in organic-rich, silty sediments.

If it is reasoned that most of the biological activity is in the top one to few cm, then
sampling only this fraction for toxicity testing is appropriate, unless the investigation is
a dredging issue. There are, however, organisms (primarily in marine systems) that can
burrow to depths well below this, and toxic effects at depth may also be a concern. In this
case, toxicity testing on the surface layer only may not reflect the chemistry of the whole
system.

The depth of sampling should be governed by the realities of the resident infauna. Ide-
ally, tested depths should reflect the habitat of the majority of the infauna, and the depth
of collections for benthic community structure analyses. If, however, programmatic con-
siderations take precedence (e.g., sampling only the top 2 cm to assess relatively recent
contamination), then the final assessment must note and discuss any differences between
depth sampled and infaunal habitat depths. For example, is it likely that infauna burrow-
ing below 2 cm are affected by surficial sediment contamination?

Pore waters are often a focus of study because they offer greater analytical simplicity
and are regarded as a dominant exposure route for benthic invertebrates. However, the
extreme vertical heterogeneity of pore water chemistry over distances of centimeters, the
complex physico-chemical interrelationship between pore waters and surrounding sol-
ids, and the often crude and varied sampling methods make accurate characterizations a
challenge. Pore waters near the SWI may be oxic or anoxic, depending on the depositional
nature of the sediments and the hydrodynamics of the site. Potentially available metal
concentrations near this boundary can be elevated in oxic environments. Near the redox
boundary, reduced iron and manganese in the pore waters can also show high concen-
tration spikes (Lasier et al. 2000), while in deeper sediments metals may be moderated by
the presence of acid-volatile sulfide (AVS).

Sampling depth must be based on both study objectives and on biological and
physico-chemical realities. Within these constraints, depth-integrated pore water and
sediments should generally be collected for testing and analysis. The same depths
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should be sampled for chemical analyses, toxicity testing, and benthic infaunal commu-
nity structure analyses.

Pore Water Sampling Methods

Sampling will, by definition, perturb the chemical form of the pore waters. Alteration of
sediment chemistry during sampling will affect the processes of toxicant mobilization,
and subsequent bioavailability via toxicant exposure/uptake, particularly for metal
contaminants. These chemical changes may, or may not, result in significant changes in
toxicity; however, typically this is not known a priori. A major pore water sampling con-
cern is anoxic sediment oxidation. This will involve primarily the oxidation of particu-
late and dissolved Fe(Il), Mn(Il), and sulfide. Although pH dependent, these processes
are rapid at the pH of natural waters. The rate of oxidation of particulate metal sulfides
is slow, unlike iron monosulfide, and so these metals are unlikely to make a significant
contribution to changes in toxicity of oxidized pore waters. There is, however, the pos-
sibility that pore water pH will be reduced as a consequence of hydrogen ion release
during FeS oxidation, and this may aid metal mobilization where carbonate buffering is
inadequate (Simpson et al. 1998; 2000a). Oxidized iron (and manganese) may reprecipi-
tate as hydrous iron oxide, carrying down soluble metals. This process may occur in the
pore or SWI waters.

Methods for sampling pore water are reviewed by ASTM (1994), Carr et al. (2001),
Environment Canada (1994), Doe et al. (2002), and the U.S. Environmental Protection
Agency (US EPA 2002). Separation procedures include centrifugation, suction, pore wa-
ter dialysis and squeezing. Variously, these have the potential to change chemical equilib-
ria during separation, to lose dissolved gases or volatiles, and to differ in their ability to
sample from a discrete depth in the sediment. The most common and recommended labo-
ratory practice is to centrifuge the sample. The pore water collected in this way may have
a different chemical composition, depending on the depth of sediment sampled, given
that the sampling technique may be combining oxic and anoxic sediments from differ-
ent depths. Suction is an imprecise technique that works best in coarser sediments. It has
the possibility to draw in pore waters from an ill-defined area around the extract point
and could entrain overlying waters. Squeezing may be more effective than centrifuga-
tion of sandy sediments, but both may contribute more to degassing of the sediments and
ion concentration shifts. Losses of volatiles are possibly more likely with squeezing. If the
pore waters are permitted to oxidize, metals will certainly be lost from solution by copre-
cipitation. In situ pore water collection reduces the likelihood for oxidation/sampling ar-
tifacts (discussed below).

Oxidation must be minimized; sampling under a nitrogen gas atmosphere is recom-
mended. For instance, oxidation of anoxic sediments during centrifugation should be
avoided, by using an inert gas blanket (typically nitrogen). At this point in time, ASTM,
Environment Canada and the US EPA have recommended centrifugation as the “best”
method to extract pore water. Others, however, suggest that the optimal methods vary
with the site and project objectives, as all methods have advantages and disadvantages
(Carr et al. 2001; Chapman et al. 2002).
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Sampling designed to collect only SWI pore waters will not be without problems due
to pore water oxidation, as typically these samples will be anoxic or suboxic in parts, and
subject to chemical changes.

Organic contaminants in pore waters present different problems. A confound-
ing factor in the sampling of pore waters containing hydrophobic organics having high
sediment:water partition coefficients is their preferential adsorption to particles of any
kind and to surfaces. This can mean that many of these compounds may not be in true so-
lution as expected, but attached to colloidal particles. Recent studies (Batley et al. unpub-
lished results) using solvent-filled dialysis samplers for organochlorines in waters, indi-
cate a decrease in the concentration of sampled compounds in the presence of iron oxide/
humic acid colloids. Colloidal association has the potential to affect contaminant bioavail-
ability; however, such speciation of organics in waters or pore waters is rarely considered
in either chemical or biological studies.

Obtaining Sufficient Pore Water

For toxicity testing, obtaining sufficient pore water can be a major limitation (ASTM
1994; Chapman et al. 2002; Environment Canada 1994; US EPA 2002). For many tests
this means extracting pore waters from kilogram quantities of sediments, and here cen-
trifugation is probably the best procedure. In situ dialysis (peeper) sampling offers the
best prospects for obtaining a sample whose chemistry is unchanged (Teasdale et al.
1995). A limitation with traditionally used peepers is the volume of sample that can be
collected, typically 7 to 15 mL. In some studies, pore waters are sampled using large
peepers buried in the test sediment (Hansen et al. 1996; Burton 1992; Sarda and Burton
1995). The time needed for peeper equilibration varies from hours to weeks, depending
on their surface to volume ratio (Teasdale et al. 1995). Pore waters sampled by peepers
in systems where the redox boundary is changing (e.g., tidal systems), may artificially
concentrate iron (and metals) in the boundary layer chambers. This is because iron, pre-
cipitated in an oxic cycle, is slow to reduce and be solubilized when the pore waters go
anoxic, and more will precipitate during subsequent oxic cycles (Teasdale et al. unpub-
lished results).

Appropriate in situ dialysis (peepers) is currently the best method for obtaining sam-
ples with minimally changed chemistry. However, centrifugation is presently the only
reasonable alternative for collecting large volumes of pore waters relatively rapidly.
For organic contaminants, obtaining sufficient pore water to be able to analytically de-
tect environmental concentrations is a major problem that has limited studies of these
compounds.

Sediment Storage

It is not always possible to test sediments immediately, however, protracted storage has
the potential to alter sediment chemistry. There are many different opinions as to the
length of time that sediments can be stored without significant chemical or toxicological
changes before testing (Burton 1995b). However, there are no sureties. Field collected sed-
iments should be tested as soon as possible, and storage times (and conditions) reported.
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Sediments should be stored cool, in the dark, and to minimize oxidation, samples
should be stored in filled, sealed containers with oxygen excluded. It is not recommended
that oxic sediments should be treated differently. Few sediments will be exclusively oxic.
Most are what is classified as suboxic, and introducing oxygen can be equally detrimen-
tal. Although anoxia may develop in suboxic sediments due to bacterial processes, these
will be slowed at low temperatures, as will oxygen ingress.

Freezing is a common storage practice, however this can alter sediment structure, and
rupture bacterial cells releasing their contents. For example, an order of magnitude in-
crease in pore water selenium in pore waters from frozen compared with unfrozen sedi-
ments has been noted (Jung and Batley 2002). While this may not be a significant issue in
many cases, its importance should be assessed, and if significant (or unknown), freezing
should be avoided.

The container type will be important. Polyethylene and polypropylene containers are
not impervious to oxygen, so are not recommended for prolonged storage of unfrozen
sediments. Other plastics may contain dissolved oxygen (Teasdale et al. 1998), which will
oxidize sediments that are in intimate contact.

Pore Water Handling and Storage

Recent studies (Simpson and Batley 2002) have shown that during about 30 min storage
of estuarine pore waters at pH 7.7, some 63% of iron (II) is oxidized at 20°C, and even at
4°C there is almost 50% oxidation. In highly metal-contaminated estuarine pore waters,
adsorptive losses of zinc, lead and copper to precipitating oxidized iron can be as high as
50% at 4 or 20°C over 24 h (Simpson and Batley 2002). However, federal agency guidance
states two to eight weeks storage is acceptable, with testing as soon as possible recom-
mended (Environment Canada 1994; US EPA 2002).

For sediment pore waters, early extraction is recommended, regardless of whether
metals or organics are being studied. If pore waters are permitted to oxidize, and metals
are precipitated, the tests and analyses on these pore waters will no longer be representa-
tive of the conditions in the field sediments.

Filtration of pore waters adds a further step that might enhance losses of metals and
organics and perturb pore water chemistry, although for chemical measurements, knowl-
edge of the truly dissolved form is highly desirable. In highly metal-contaminated wa-
ters, a few sediment particles have the potential to dramatically increase the measured
‘dissolved” metal, as will sorbed organics increase “soluble” organics. Extra care should be
taken to filter pore waters under nitrogen and for analysis, acidify samples soon after fil-
tration. Unfortunately, “dissolved” non-polar organic compounds tend to sorb to filters.
Centrifugation might be an easier way to remove particles in samples where this is neces-
sary for toxicity testing (this is particularly needed for algal testing).

Ideally, toxicity testing should be commenced immediately following extraction, to
minimize physico-chemical changes, which are more likely in extracted pore waters than
when whole sediments are present. Pore and SWI waters should ideally be stored in the
dark at 4°C. The possibility of chemical changes to pore and SWI waters as noted above
must be considered; oxidation must be minimized to the extent possible. The recommen-
dations from the recent SETAC Technical Workshop (Carr et al. 2001) are to develop a
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standard procedure to allow these reactions to go to completion, yet this begs the ques-
tion of the relevance of this sample compared to what the organisms would naturally be
exposed to. In the case of pore water-only toxicity testing, given the uncertainties, it may
be better to undertake high-quality chemical investigations first on the freshly sampled
and then on the fully oxidized pore waters, and predict the toxicity in the unaltered pore
water from tests on the oxidized sample and known organism concentration.

Sediment Chemistry

While chemistry cannot be used alone as a line-of-evidence, its proper characterization is
of paramount importance for arriving at accurate assessment conclusions on exposure-
effect relationships, stressor interactions, fate predictions, and subsequent management
decisions.

The same contaminant stressors should be measured in whole sediments, pore and
SWI waters. In the case of pore and SWI waters, the following additional measurements
are also desirable: pH, dissolved organic carbon, salinity, and other modifiers of contam-
inant bioavailability. In the case of whole sediments, modifiers that should be measured
include grain size, total organic carbon, and AVS and simultaneously extracted metals
(SEM).

Metals Bioavailability

The chemical characterization of sediments initially generally involves the measurement
of contaminant stressor concentrations for assessing compliance with sediment quality
guidelines, or determining contaminant presence/distribution. This is usually supported
by measurements of grain size, redox potential, and key matrix elements and binding
phases such as aluminum, iron, manganese and total organic carbon. Since not all of a
contaminant’s total concentration is bioavailable, it makes more sense to attempt to mea-
sure the bioavailable fraction. Measurements of total metal concentrations have little
bearing on bioavailability. Chemical analysis methods exist that provide varying degrees
of improvement over total metals analyses, although these have not yet progressed to the
point that the bioavailable fraction can be specifically determined.

For metals, a range of extraction procedures has been advocated, including the use of
EDTA, dilute acid, or acid containing pepsin as a digestive enzyme (Maher et al. 1992).
The cold, dilute (1M) hydrochloric acid extraction that is used for AVS and SEM measure-
ments (see below) is recommended (Simpson et al. 1998). One of us (GEB, unpublished
results) has observed that in many silty sediments, where the more bioavailable, anthro-
pogenic metals are deposited from the water column, 50 to 100% of zinc, lead, and copper
are extractable with the dilute acid. Many investigators have found relationships between
weak extractability of inorganic compounds and bioavailability (e.g., Ying et al. 1992).

Determination of AVS/SEM

Estimating whether metals in sediments may have adverse biological effects generally in-
volves a determination of AVS and SEM. AVS (mainly as FeS) in sediments can serve as
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a control on metal solubility and bioavailability in pore waters such that until SEM ex-
ceeds AVS, certain metals will not be bioavailable nor acutely toxic (Ankley et al. 1994;
1996). There are issues related to the behavior of non-acid-soluble sulfides such as those
of Cu, Co, and Nj, in taking into account the excess of AVS (Simpson et al. 1998). If these
do not release sulfide, and do not also release metals, then there is no impact on the AVS-
SEM ratio from SEM-Cu (or Ni or Co) and any excess of AVS will still cope with pore wa-
ter copper, reducing its toxicity. If however these metal sulfides are otherwise oxidized
and the metals released, then the AVS-SEM value will be overprotective, that is, there will
be a possible prediction of an excess of SEM over AVS. Similarly, coatings of sulfides on
metal oxides in some field sediments could generate the same prediction of potential tox-
icity, when in fact there would not be any (Simpson et al. 1998; 2000a). Note that where
field sediments are disturbed (e.g., during dredging), FeS will be easily oxidized (in con-
trast to other heavy metal sulfides), with a potential to increase toxicity.

It has always been stipulated that an excess of AVS over SEM can be used as a predic-
tor of an absence of toxicity, and that where AVS is deficient there may be toxicity, but de-
pendent on solution speciation. Because the uncertainties related to AVS considerations
are type I errors, that is, falsely showing an excess of SEM over AVS, their use is still
recommended in assessing metal bioavailability is sediments. There have however been
other concerns raised over issues such as the spatial and temporal variability of AVS, its
applicability in oxic and dynamic environments, and the fact that field validation has
been limited to only a few metals.

AVS/SEM determinations can predict non-toxicity but cannot predict toxicity. One
reason is that such determinations do not account for the additional binding capacity pro-
vided by organic carbon. The other reason is that SEM is a simplistic representation of
the combined effects (speciation, bioavailability, toxicity) of the individual metals in any
given metal mixture.

Organic Carbon Normalization

It is generally assumed that most organic contaminants will be bioavailable to sediment-
ingesting organisms. Where pore water is the exposure route, the soluble concentration
will be that which partitions into pore waters. Sediment quality values for organics are
usually generated from water-only toxicity data, then applied using measured pore wa-
ter organic concentrations and the assumption of equilibrium partitioning to calculate the
sediment concentrations (e.g., Crommentuijn et al. 2002). Because binding of organics is
preferentially to organic carbon, normalization to organic carbon is generally adopted so
that the more organic carbon in the sediment, the less it is likely to partition to pore wa-
ters, so the more can be tolerated. Guidelines are often referred to 1% organic carbon.
There are clearly upper and lower bounds within which this normalization is considered
appropriate. It has been suggested that normalization applies to carbon contents >0.2%
(Di Toro et al. 1991), while other studies have indicated an upper bound of 25 to 30% or-
ganic carbon (Kadeg et al. 1986).

It should be noted that organic carbon normalization is most appropriate for non-po-
lar organics. We recommend that normalization be applied over the range 0.5 to 10% or-
ganic carbon. For very high organic carbon concentrations, the carbon may be as oil or tar
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rather than metal binding substrates such as humic materials, and normalization fails. At
lower organic carbon values, other physical and chemical factors influence the partition-
ing process (Kadeg et al. 1986), the normalized sediment quality values become extremely
low, and given the uncertainties in the commonly used unnormalized values (for many
effects data carbon is not reported), these are difficult to justify. For less than 0.5% carbon,
considering the carbon as 0.5% is probably acceptable.

Sediment Quality Guidelines

Sediment quality guidelines (SQGs) comprise key uncertainties; for instance, correlations
involving the presence or absence of species are equated with causation (von Stackel-
berg and Menzie 2002), and there is no established guidance for their usage in risk man-
agement (Nord 2001; Chapman et al. 2001). The most commonly applied SQGs are those
derived from US effects (and in some cases also no effects) databases and from equilib-
rium partitioning considerations (Long et al. 1995; MacDonald et al. 1996). These were
largely data for marine sediments, but have been expanded to include freshwater sedi-
ments (Smith et al. 1996). The US database is now extensive, but in its original concept it
was a tool for ranking contaminated sediments. It includes contaminant concentrations
and the associated toxicity effects based on a limited range of biological endpoints and
test species. From the ranked data set, a lower 10th (or 15th) percentile and median con-
centration were calculated for each contaminant to derive numbers that were indicative
of a low and high probability, respectively, of biological effects. These values were re-
spectively termed effects range-low (ERL) and effects range-median (ERM) (Long et al.
1995). Subsequently, a data set that included a consideration of no-effects data was also
developed (MacDonald et al. 1996), with the respective numbers being a threshold effects
level (TEL) and a probable effects level (PEL). Agreement between the two sets of val-
ues was reasonable. A large effort was devoted to demonstrating how effective the upper
numbers (ERMs and PELs) were in predicting biological effects. Not surprisingly the up-
per numbers were found to be good predictors and much better than the lower numbers,
but it is important to emphasize that these SQGs do not infer cause-effect relationships.
The critical question, however, was how useful is a number that is predictive of toxicity.
Recent applications have stressed the value of using the lower numbers as a trigger for
further investigation, along the lines of a weight-of-evidence approach (e.g., ANZECC/
ARMCANZ 2000a). Further development of sediment quality values would ideally in-
volve a much larger species range, such that statistical distribution of no effect concentra-
tions (NECs) that is used to derive water quality guidelines, might be applied also to sedi-
ments, in order to protect a given percentage of species (Aldenberg and Slob 1993). This is
more defensible than a guideline that is based on a lower 10th or 15th percentile of effects
on a limited number of species, as is currently the case. However, whether this can ever
be achieved is debatable.

Presently, SQG numbers should only be used for screening; their value for this pur-
pose will be directly related to how site-specific their derivation has been. For instance,
applying US-derived SQGs to other areas of the globe will result in increased uncertain-
ties compared to using locally derived SQGs (Chapman et al. 1999; 2001).
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Toxicity Testing

The ability of toxicity testing to provide reliable inputs into WOE sediment quality assess-
ments will also require that areas of uncertainty in the testing protocols are adequately
addressed. These include recognizing the effects on test responses of the physical charac-
teristics of sediment particles, and of experimental manipulations such as sediment siev-
ing or sediment spiking, on test responses. Interpretation of test results must also con-
sider the type of the test organism, its exposure routes, and the relevance of laboratory
tests to the field.

Grain Size Effects

Grain size effects have an important impact on some benthic fauna. Burrowing species
appear to have an optimum sediment particle size that enables ease of burrowing. Experi-
ences with burrowing shrimp (Callianassa spp.), for example (Batley and Peterson, unpub-
lished data), indicate that sand/silt mixtures are preferred. In the finer grained sediments
devoid of sand, the organisms were unable to burrow and appeared to die of exhaus-
tion in the attempt. Similarly, the amphipod Rhepoxynius abronius is adversely affected if
sediments are too fine (DeWitt et al. 1988). On the other hand, large particles are equally
unattractive.

Ideally, control, reference, and test sediments should have similar grain sizes. At the
very least, grain sizes must not adversely affect the test organisms. Likewise deposit feed-
ers can only ingest a certain maximum particle size, and many of them in fact preferen-
tially select fine (i.e., surface and therefore potentially contaminant-rich) particles.

Sieving

For some toxicity testing, removal of coarse particles has been recommended, together
with homogenizing of the sample. This will clearly perturb the chemistry of both the sedi-
ment and pore waters, more so if this is done under oxic conditions; however, redox equi-
libria will reestablish as bacterial activity continues.

Sieving is not encouraged (Environment Canada 1994; US EPA 2002). However, if siev-
ing is necessary to remove coarse particles and/or resident organisms, it should pref-
erably be done in a glove box under nitrogen to minimize sediment chemistry changes.
Sieved sediments should be allowed to age after disturbance before any testing, to allow
redox equilibria to reestablish (Simpson and Batley 2002).

Sediment Spiking

Tests may be done with contaminated sediments collected from the field or with clean
sediments that have been spiked with known concentrations of defined contaminants.
The former approach is commonly applied in site-specific, retrospective risk assessments;
the latter approach is used to assist in defining sediment quality values or to investigate
bioavailability and subsequent toxicity of sediment-associated contaminants, e.g., pesti-
cides (OECD 2001).
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Various methods for spiking are used. The most common involve either spiking of the
overlying water in a sediment-water system after the test organisms have been added
(US EPA 2002), or spiking the sediment and subsequently adding the spiked sediment
to test beakers followed by the addition of overlying water and test organisms (ASTM
1994). Which design is more appropriate for a given situation depends on the kind of sce-
nario being simulated. For example, spiked water tests are often used to simulate pesti-
cide spray drift events where the initial peak concentrations of pesticides in pore water
are of concern.

Sediment spiking is frequently used to provide samples with a range of testable con-
centrations. However, these concentrations may far exceed contaminant concentrations
typically found in impacted sediments. Lee et al. (2000) have pointed out that spiked
sediment tests often involve abnormally elevated pore water concentrations, whereas at
contaminant concentrations normally observed in heavily impacted sites, the pore wa-
ter exposure pathway may not be dominant. Performing tests at environmentally realis-
tic concentrations can help reduce uncertainties associated with concentration-dependent
changes in partitioning and bioavailability.

Acid-volatile iron monosulfide is a major buffer for metal release from sediments.
Metal additions will only result in detectable pore water concentrations once this capac-
ity is exceeded. These additions can result in exchange not only with iron in FeS, but also
with metals in other less stable sulfides (Simpson et al. 2000b). For example, for metal ad-
ditions in excess of the binding capacity of FeS, copper additions displaced cadmium, and
cadmium displaced zinc, consistent with the stability order Cu > Cd > Zn > Fe. This could
result in cases where toxicity resulting from displacement of one metal might be mistak-
enly thought to be caused by another that is being added.

There is also an operational problem associated with the proper equilibration (aging)
of organic or inorganic spike additions so that their form is similar to that of the con-
taminants in the natural sediment. A number of studies have shown the effects of “ag-
ing” on sequestration of compounds to the sediment (Alexander et al. 1997). For example,
added metal spikes may take some time to reach the same crystalline form as is natu-
rally present, and different forms are likely to have differing reactivities. One of us (GEB)
allows metal additions to age for at least 14 days before sediments are used in further
studies (Simpson et al. manuscript in preparation). For comparison, Berry et al. (1996)
reported that after 9 days, pore water concentrations in their spiked sediments had de-
creased to a constant low value. In the later work of Bat and Raffaelli (1998), where spikes
were mixed with sediments over four hours, the supernatant decanted and clean seawa-
ter added to equilibrate to test conditions, overlying water metal concentrations in the
high spike cases reached several hundred pg/L. Not surprisingly these sediments were
highly toxic to Corophium volutator. In reality, surface water concentrations of such mag-
nitude are never found, although pore water concentrations may in the worst cases reach
such levels, largely due to pH changes. Federal guidance suggests equilibration periods
of at least two weeks (Environment Canada 1994; US EPA 2002).

Studies by Costa et al. (1996, 1998), using the amphipod, raise further concerns regard-
ing spiked sediments. They reported a 10-day LC50 of 6.8 mg Cu/kg in copper-spiked
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sandy sediments, although for water-only exposure the 96-h LC50 was 300 ng/L, and
suggested that this represented multiple exposure routes as the pore water concentra-
tions were low (around 20 pg/L). If the fine fraction in the sediment was increased from
0.5% to 25 and 50%, the LC50 increased, respectively, to 56.7 and 160 mg/kg, respectively
(Costa et al. 1996). This reflects the increase in binding phases such as hydrous iron and
manganese oxides (and to a lesser extent organic matter) in the fine fraction. No match-
ing pore water toxicity data were supplied, and there were scant details on sediment and
pore water chemistry, especially pH. The need to fully document chemistry in such stud-
ies cannot be too highly emphasized. Without this, the relative sensitivities of different
species cannot be compared. In this example, further studies would be required to deter-
mine whether the result was an artifact of the spiking process.

Spiking of sediments or waters with organic compounds is also a problem, because to
get a sufficient concentration of a hydrophobic organic in solution to spike either waters
or sediments, it is necessary to improve its solubility by addition of an organic solvent
(e.g., Murdoch et al. 1997; Bettinetti et al. 2002). Even with dilution, the presence of the
solvent will affect the partitioning of the organic from sediment to water, thus altering the
sample from its natural state. Recent studies on jet fuel toxicity in sediments found differ-
ences depended on whether a carrier solvent was used and if a subsequent volatilization
period was allowed (Grasman and Burton, unpublished results). A wide variety of spik-
ing methods have been reported in the literature, with no clearly superior approach rec-
ognized (ASTM 1994; OECD 2001; US EPA 2002).

Spiked sediment tests are also appropriate for investigating the potential for recoloni-
zation by benthos of previously contaminated sediments in the field. These studies have
been conducted in freshwater and marine systems and provide a more realistic exposure
(Morrisey et al. 1996, Hare and Shooner 1995).

Sediment spiking studies need to be done with care recognizing the need for ade-
quate equilibration times and the reality of laboratory artifacts including possible metal
displacement effects. Final contaminant concentrations (pore and SWI waters as well as
whole sediment) need to be environmentally realistic, and different exposure routes ade