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Abstract. Historically, slow decomposition rates have resulted in the accumulation of
large amounts of carbon in northern peatlands. Both climate warming and vegetation change
can alter rates of decomposition, and hence affect rates of atmospheric CO2 exchange, with
consequences for climate change feedbacks. Although warming and vegetation change are
happening concurrently, little is known about their relative and interactive effects on
decomposition processes. To test the effects of warming and vegetation change on
decomposition rates, we placed litter of three dominant species (Calluna vulgaris, Eriophorum
vaginatum,Hypnum jutlandicum) into a peatland field experiment that combined warming with
plant functional group removals, and measured mass loss over two years. To identify potential
mechanisms behind effects, we also measured nutrient cycling and soil biota. We found that
plant functional group removals exerted a stronger control over short-term litter
decomposition than did ;18C warming, and that the plant removal effect depended on litter
species identity. Specifically, rates of litter decomposition were faster when shrubs were
removed from the plant community, and these effects were strongest for graminoid and
bryophyte litter. Plant functional group removals also had strong effects on soil biota and
nutrient cycling associated with decomposition, whereby shrub removal had cascading effects
on soil fungal community composition, increased enchytraeid abundance, and increased rates
of N mineralization. Our findings demonstrate that, in addition to litter quality, changes in
vegetation composition play a significant role in regulating short-term litter decomposition
and belowground communities in peatland, and that these impacts can be greater than
moderate warming effects. Our findings, albeit from a relatively short-term study, highlight the
need to consider both vegetation change and its impacts below ground alongside climatic
effects when predicting future decomposition rates and carbon storage in peatlands.
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INTRODUCTION

Decomposition processes are largely responsible for

controlling the rate at which terrestrial carbon returns to

the atmosphere, and as such, are integral in determining

the carbon storage potential of terrestrial ecosystems.

Rates of decomposition are regulated primarily by

abiotic conditions, such as temperature and soil

moisture. Accordingly, increases in global temperatures

are predicted to increase rates of decomposition and

release of carbon to the atmosphere, with feedbacks to

future global climate warming (Aerts 2006, Bardgett et

al. 2008, Craine et al. 2010). Concurrently, terrestrial

ecosystems are undergoing significant vegetation change

due to factors such as land use (Vitousek et al. 1997,

Kareiva et al. 2007), climate change (Walker et al.

2006), and atmospheric nitrogen deposition (Bobbink et

al. 2010, Stevens et al. 2010). It is well known that

changes in vegetation composition can influence decom-

position rates by altering the quality and quantity of

litter inputs to soil (Hobbie 1992, Bardgett 2005), and

that changes in plant diversity can impact ecosystem

processes (Hooper et al. 2005, Cardinale et al. 2012).

However, little is known about how changes in live

vegetation impact rates of decomposition in the field

(but see Jonsson and Wardle (2008)). We also lack an

understanding of the importance of vegetation change

relative to the direct effects of climate warming and

changes in litter species identity, and how these factors
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interact. Given that both vegetation change and

warming are happening concurrently, this represents a

significant gap in our understanding. Such understand-

ing is particularly important for peatlands because of

their vulnerability to changes in climate and vegetation,

and because of the vast stocks of organic carbon that

they contain, estimated to equate to half of the total

atmospheric carbon as CO2 (Gorham 1991, Dise 2009).

Although previous studies in peatland have shown that

warming generally increases rates of decomposition

(Bragazza et al. 2009, Carrera et al. 2009, Dorrepaal et

al. 2009), and that litter from different plant species

decomposes at different rates (Dorrepaal et al. 2007,

Ward et al. 2010), we have little understanding of how

live vegetation affects decomposition in these carbon-

rich ecosystems.

Live vegetation effects on decomposition processes

operate by influencing soil carbon inputs and the activity

and composition of the decomposer community (Bard-

gett and Wardle 2010), and by altering soil abiotic

conditions (Fig. 1). Peatland plant functional groups

have been shown to differ in the rate of transfer of recent

photoassimilate carbon to soil via their roots, with

subsequent effects on the composition and activity of

soil biota and carbon cycling processes (Trinder et al.

2008, Ward et al. 2012). Also, it is known that different

plant species can promote decomposer communities that

are adapted to decomposing their own litter, resulting in

a ‘‘home-field advantage,’’ whereby litter decomposes

faster in soil from its environment of origin (Vivanco

and Austin 2008, Ayres et al. 2009). In addition to

effects on decomposers, vegetation composition can

influence decomposition processes by modifying soil

physical and chemical conditions. For example, some

plants can alter the pH and water-holding capacity of

soil (Rydin and Jeglum 2006), and others produce high

concentrations of polyphenols that are known to have

inhibitory effects on microbial decomposition. The

influence of live vegetation on decomposition processes

via these mechanisms may also interact with differences

in litter quality. For example, home-field advantage is

expected to be more important for poor-quality litter,

and the decomposition of high-quality litter may be less

affected by soil nutrient availability than poor-quality

litter (Ayres et al. 2009, Freschet et al. 2012). Despite the

general assumption that live vegetation composition will

influence decomposition rates, few studies have simul-

taneously linked changes in vegetation community

composition, soil organisms, soil nutrient cycling, and

litter decomposition rates (Eisenhauer et al. 2013).

There is emerging evidence that warming and

vegetation identity interact to affect ecosystem process-

es. For example, Kardol et al. (2010) showed that

vegetation composition can modify the effects of climate

on soil enzyme activity and faunal abundance in a

grassland ecosystem, and Ward et al. (2013), using the

same field experiment as used here, found that the effects

of warming on peatland net ecosystem exchange of CO2

were modulated by vegetation composition. Litter

decomposition also has been shown to have a species-

specific response to warming, linked with litter quality

(Aerts et al. 2012). Conversely, some studies have

detected little or no interactions of vegetation with

nutrient additions and other environmental changes on

FIG. 1. Influences of climate warming and vegetation change on decomposition processes. Climate warming can affect
decomposition both directly and indirectly via changes in vegetation and soil community composition and function. The effects of
live and dead vegetation are related to changes in species composition and function, which in turn influence soil biota, with
consequences for nutrient availability and subsequent feedbacks to vegetation.
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soil food webs (Eisenhauer et al. 2013) or litter

decomposition (Papanikolaou et al. 2010). However,

multifactorial studies remain few, and, to our knowl-

edge, no study has experimentally tested how climate

and vegetation composition interact to affect decompo-

sition and soil biota, and whether warming and

vegetation effects vary across litter types.

Here, we investigated the relative and interactive

effects of warming, live vegetation composition (both

functional group composition and richness), and litter

identity on peatland decomposition processes and

belowground biological communities. This was done

using a field-based experiment combining passive

warming with plant functional group removals in a

peatland ecosystem in northern England (Ward et al.

2013). We tested the following hypotheses: (1) the effect

of live vegetation composition on litter decomposition is

similar to or stronger than that of ;18C warming; (2)

the effects of live vegetation composition and warming

on decomposition processes differs with litter species

identity (litter quality); and (3) effects of live vegetation

composition and warming on decomposition rates can

be linked to changes in soil biota and rates of N cycling.

To achieve this, we measured litter mass loss and a range

of belowground properties including: microbial commu-

nity composition; the abundance of enchytraeid worms,

which are known to play a key role in decomposition

processes in peatland (Briones et al. 1998, Cole et al.

2002); and rates of N mineralization, a key microbial

process regulating soil N availability.

MATERIALS AND METHODS

Study site and experimental design

The study site is situated in an area of ombrotrophic

blanket bog (mean pH 4.1) at Moor House National

Nature Reserve in northern England, UK (548650 N,

28450 W). Mean annual temperature is 5.88C and mean

annual precipitation is 2048 mm (UK Environmental

Change Network; data available online).8 Vegetation is

classified as Calluna vulgaris–Eriophorum vaginatum

blanket mire, Empetrum nigrum ssp. nigrum subcommu-

nity M19b according to the UK National Vegetation

Classification, NVC (Rodwell 1991). Vegetation at the

site is composed of three main functional groups: ericoid

shrubs (dominated by Calluna vulgaris (L.) Hull),

graminoids (dominated by the sedge Eriophorum vagi-

natum L.), and bryophytes/lichens (dominated by

Hypnum jutlandicum Holm. and Warncke; Pleurozium

schreberi (Brid.) Mitt., and Sphagnum spp.). The mean

depth of the peat is 1.2 m, built up since the Boreal–

Atlantic climate transition around 5500 BC, with the

main peat-forming vegetation being Sphagnum, Erio-

phorum, and Calluna (Heal and Smith 1978).

We used a field-based experiment, set up in 2008 to

test the relative and interactive effects of warming and

vegetation composition (Ward et al. 2013). The

experimental design combined passive warming using

open-top chambers (OTCs) with vegetation change

using a plant removal approach (Diaz et al. 2003,

Wardle and Zackrisson 2005). The use of selective

plant removals allowed us to measure the effects on

belowground properties of each plant functional group

in situ and thereby assess how vegetation change in

response to global change drivers (e.g., nitrogen

deposition, land use change, climate change) might

impact ecological processes. The plant functional

group manipulations were from the three dominant

vegetation types present: ericoid shrubs (S), graminoids

(G), and bryophytes/lichens (B). Vegetation removals

were undertaken from areas measuring 1.5 3 1.5 m, by

carefully clipping the shoots of vascular plants to

ground level and removing all green photosynthetic

bryophyte and lichen tissues. We created fully factorial

combinations of the three plant functional groups, to

give eight different treatments: a control with all

vegetation present, three single groups (S, G, or B),

three double groups (S þ G, S þ B, G þ B), and a

treatment in which all aboveground vegetation was

removed. Experimental plots were then left to settle for

a year to minimize the side effects of decomposition

from roots and vegetation, and removal treatments

were maintained by regular visits. Despite this period

of stabilization, our results relating to effects of plant

functional group removal should be taken with some

caution, given that the experiment reported here

probably commenced before the system had reached a

new stable state.

The experimental design consisted of four blocks,

containing randomly arranged warmed and non-

warmed replicates of each of the eight plant function

type combinations (n¼ 64) (Ward et al. 2013). Warming

was applied to half of the experimental plots using OTCs

(Marion et al. 1997, Ward et al. 2013). Although these

warming chambers have limitations, most notably the

potential for side effects on temperature and hydrology

(Marion et al. 1997, Bokhorst et al. 2011), they provide a

valid and robust method for quantitatively comparing

the effect of warming in a remote field situation. Air

temperatures were recorded at vegetation canopy height

by electronic loggers. Warming from the OTCs in-

creased the mean midday air temperatures by ;18C,

(Ward et al. 2013). The plant removal treatments also

influenced mean growing-season air temperatures over

the same period, with shrub removal increasing mean

temperatures by 0.28C, and graminoid removal decreas-

ing temperatures by 0.28C. Water table depth was

measured manually from 1 m length dip-wells installed

in each of the experimental plots. Mean annual water

table depth was 6.6 cm below the surface, but neither

warming from the OTCs nor plant removal treatments

had any detectable effect on water table drawdown

(Ward et al. 2013).8 http://www.ecn.ac.uk/data
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Litter decomposition

Rates of litter decomposition were determined by
measuring mass loss of litter bags. Three types of litter

were used, representing the most common species for
each of the three dominant plant functional groups,

namely Calluna vulgaris (ericoid shrubs), Eriophorum
vaginatum (graminoids), andHypnum jutlandicum (bryo-

phytes), referred to as Calluna, Eriophorum, and
Hypnum hereafter. This gave a representative range of

litter quality in terms of C:N ratios, with the greatest
litter quality being for graminoids, and the lowest for

bryophytes (Dorrepaal et al. 2007). Litter was collected
from undisturbed areas at the field site. Litter bags (535

cm) containing 0.5 g air-dried litter from each of the
individual plant functional groups were assembled from

1-mm PVC/glass mesh, lined on the underside with an
additional layer of finer polyester 250-lm mesh. This

allowed the colonization by the dominant soil meso-
fauna, including small invertebrates such as enchytraeids
(terrestrial oligochaetes) and insect larvae, while pre-

venting finer litter from dropping through the bottom.
Two sets of litter bags were placed in each field plot at

the base of the litter layer, in contact with the top of the
peat organic horizon. An additional three repetitions of

each litter bag type were transported to the field to
ascertain how much litter was lost in transit. Subsamples

of litter were oven-dried at 608C to obtain dry mass, and
the final litter mass loss figures were adjusted to take

into account both litter lost in transit and differences
between air-dried and final oven-dried mass.

Litter bags were recovered in spring 2010 and 2011,
i.e., after one and two years of incubation in the field,

and were stored in the laboratory at 48C until processed.
Large roots and soil particles were removed from the

outside of the recovered litter bags, which were then
carefully rinsed with deionized water. Litter bags were

then cut open and the contents sorted to remove any
remaining roots and soil using forceps. Cleaned litter

was dried at 608C and reweighed.

Soil properties

Soil samples were taken from all plots in the middle of
the growing season in summer 2010, between the first

and second year of litter sampling. To determine
treatment effects on the abundance of the dominant

soil mesofauna of peatland, we measured the abundance
of enchytraeid worms and Diptera larvae. For meso-

faunal extractions, samples consisted of intact soil cores,
64 mm in diameter and 10 cm long, collected in August

2010. Each core was placed separately in a plastic bag
and transported to the laboratory in a cool box.

Enchytraeids and Diptera larvae were extracted within
48 h using a modified wet-funnel method (O’Connor

1955), preserved in 70% ethanol, and individually
counted.

For microbial community analysis and N mineraliza-
tion, soil cores, measuring 3 cm in diameter and 10 cm

deep, were removed from each field plot, stored in

polythene bags at 48C, and then hand-sorted to remove

any root material. Samples were analyzed for potential

N mineralization using potassium chloride (KCl)

extractions (Ward et al. 2007). Briefly, fresh soil samples

were mixed with 1 mol/L KCl on an orbital shaker

(model KS501 digital, IKA, Werke, Germany) and then

filtered. Concentrations of NH4-N and NO3-N in filtrate

were determined by colorimetric technique (Ross 1992),

on a continuous-flow stream autoanalyzer (Autoanalyz-

er 3, Bran Luebbe, Norderstedt, Germany). A second set

of samples were incubated at 258C for 14 days,

extracted, and analyzed as for the first set. Potential

rates of N mineralization were then calculated as the

difference between incubated and non-incubated sam-

ples, to give an indication of soil N availability.

Effects of warming and vegetation on bacterial and

fungal community structure were assessed using a

terminal restriction fragment length polymorphism (T-

RFLP) method. Total nucleic acids were extracted from

0.25 g fresh mass of soil according to the method

described by Griffiths et al. (2000), including an

additional freeze–thaw step to aid lysis of cells. Bacterial

and fungal communities were analyzed using fluores-

cently labeled primer pairs 63F and 519r (Lane 1991,

Marchesi et al. 1998), and ITS1F and ITS4 (White et al.

1990, Gardes and Bruns 1993), respectively. Restriction

endonuclease digestions were then carried out with Msp

1 and Taq 1 prior to T-RFLP analysis (Thomson et al.

2010). The relative abundance of individual T-RFs was

calculated by dividing the intensity of each fragment by

the totaled intensity of all fragments, and changes in

microbial communities were assessed using multivariate

statistical approaches based on between-sample Bray-

Curtis dissimilarities.

Data analysis

Data were checked for normality using the residual-

plots method, and were log-transformed where neces-

sary before analysis. The effects and interactions of

experimental warming, vegetation composition, and

litter species identity on litter decomposition and

belowground properties were analyzed by ANOVA,

using SAS Enterprise Guide 4.3 and SAS version 9.0

(SAS Institute, Cary, North Carolina, USA). Live

vegetation effects were analyzed as the presence or

absence of shrubs, graminoids, and bryophytes. The

effects of vegetation diversity were also analyzed, based

on the number of plant functional groups present (i.e.,

0–3). After confirming significant differences in decom-

position between litter species identity, litter mass loss

data were also analyzed separately by litter species to

obtain a deeper understanding of results. Statistical

analyses of soil microbial communities were performed

with the vegan library (Oksanen et al. 2013) of the R

software package version 3.0.2 (R Development Core

Team 2013). Briefly, a Bray-Curtis distance matrix of

between-sample dissimilarities was calculated and sub-

sequently represented through two-dimensional nonmet-
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ric multidimensional scaling (NMDS), using the

metaMDS function. Differences in soil microbial

communities were quantified by permutational multi-

variate analysis of variance (PERMANOVA) using the

adonis function, and changes in between-sample vari-

ance (beta diversity) were quantitatively assessed using

the betadisper function.

RESULTS

Litter decomposition

In year one, mean litter mass loss decreased in the

order Eriophorum . Calluna . Hypnum (Table 1).

Litter species identity was the strongest driver of

decomposition rate (F2, 187 ¼ 42.9, P , 0.0001) (see

Appendix A), with all three litter species differing

significantly from each other. In contrast, warming

and live vegetation composition had no detectable effect

on litter mass loss in year one. Litter species identity was

also significant in year two, where rates of decomposi-

tion for Eriophorum litter were greater than for Calluna

litter (F2, 189 ¼ 3.1, P ¼ 0.05), but stronger effects on

decomposition were observed as a result of the

composition of live vegetation, i.e., the presence or

absence of the three plant functional groups in the plots

in which the litter bags were buried. Specifically, mean

litter decomposition rates increased when shrubs were

removed from the vegetation community (F1, 189¼ 12.9,

P ¼ 0.0004), but no such effect was observed after

removal of graminoids (F1, 189 ¼ 2.2, P ¼ 0.14) or

bryophytes (F1, 189 ¼ 1.5, P ¼ 0.22).

When the three litter species were considered individ-

ually (Fig. 2), we found that shrub removal resulted in

higher decomposition rates of both Eriophorum (by 9%;

F1,63¼6.9, P¼0.01) and Hypnum (by 14%; F1,63¼4.7, P

¼ 0.04) in year two, whereas decomposition rates of

Calluna litter were not strongly affected (F1,63¼ 2.9, P¼
0.10). In year one, rates of Hypnum litter decomposition

were increased by 20% when bryophytes were removed

from the vegetation community (F1,63 ¼ 4.7, P ¼ 0.03).

Vegetation diversity, i.e., the number of live plant

functional groups present in the experimental plots,

had no detectable effect on litter decomposition in either

year (F1, 376 ¼ 0.8, P ¼ 0.52) (see Appendix B).

The effect of experimental warming on litter decom-

position was much weaker than the effects of either litter

identity or live vegetation composition, with no signif-

icant warming effects in year one. In year two, we

observed an interaction between the effect of warming

and live vegetation composition (F1, 189¼ 3.9, P¼ 0.05),

whereby warming increased mean litter decomposition

from 34.4% to 37.7% in the presence of shrubs. In

contrast, when shrubs were removed, there was no

significant difference in mean rates of decomposition

(40.5% without warming and 39.7% with warming).

However, when data were analyzed by individual litter

species, we found no significant effects of warming on

any litter type, and no interactions between warming

and litter type and warming with vegetation composi-

tion.

Soil properties

The effects of vegetation community composition and

warming on soil biota were dependent on the identity of

the mesofauna and microbes, but overall, the effects of

vegetation were stronger than those of experimental

warming (see Appendix C). For enchytraeids, the

removal of shrubs increased their abundance by 131%
(Fig. 3d), although this response was only weakly

significant (F1,64 ¼ 3.6, P ¼ 0.06). There was also a

weak interaction between warming and graminoid

removal (F1,64¼ 3.8, P¼ 0.06), with warming increasing

enchytraeid abundance when graminoids were present

by 26%, and decreasing it by 41% when graminoids were

absent. In contrast, the abundance of Diptera larvae did

not significantly change with vegetation removal (Fig.

3e). No effects of vegetation diversity, measured as the

number of live plant functional groups present, were

detected for either enchytraeid or dipteran population

numbers. Warming had a detrimental effect on the

abundance of soil fauna (Fig. 3a, b). The abundance of

enchytraeids declined by 18% with warming, although

this response was only weakly significant (F1,64¼ 3.4, P

¼ 0.07). The response of Diptera larvae was much

stronger (F1,64 ¼ 4.8, P ¼ 0.03), with a 45% decrease in

abundance in warmed relative to ambient treatments.

Bacteria and fungi also responded differently to the

warming and vegetation treatments, with fungal com-

munities being altered by the removal of shrubs (F1,64¼
2.7, P ¼ 0.001; Fig. 4a), whereas bacterial communities

were unaffected by the vegetation treatments. No effect

of plant species diversity (number of live plant

functional types) was detected for either fungi or

bacteria. Warming significantly affected bacterial com-

munity structure (F1,64¼2.2, P¼ 0.045; Fig. 4b), but not

fungal communities. No interactions were detected

between vegetation composition and warming with

respect to microbial community composition (see

Appendix C).

Potential rates of N mineralization in soil were

affected by the removal of vascular plants, with 35%

TABLE 1. Effects of experimental warming on litter mass loss
(mean 6 SE) in year 1 and year 2 in a blanket bog at Moor
House National Nature Reserve, northern England.

Litter type, by year

Litter mass loss (%)

Non-warmed Warmed

Year 1

Calluna litter 20.4 6 0.8 20.1 6 0.7
Eriophorum litter 25.5 6 1.5 25.6 6 0.9
Hypnum litter 16.4 6 1.1 15.7 6 1.0

Year 2

Calluna litter 36.5 6 1.3 36.1 6 1.0
Eriophorum litter 38.6 6 1.0 40.7 6 1.3
Hypnum litter 37.5 6 2.1 39.4 6 1.7
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and 40% greater rates of N mineralization after removal

of shrubs and graminoids, respectively (Fig. 3f ). A

reduction in vegetation diversity from two to one or no

plant functional groups present also increased rates of N

mineralization (F3,64¼ 3.4, P¼ 0.03). However, no effect

of warming on rates of N mineralization was detected

(Fig. 3c), and there were no significant interactions

between warming and vegetation composition.

DISCUSSION

The aim of our study was to examine the relative and

interactive effects of warming, vegetation composition,

and litter identity on decomposition processes in a

peatland ecosystem. As hypothesized, vegetation remov-

al exerted stronger controls over litter decomposition

than did a 18C experimental warming. These effects were

mediated by both litter quality and live plant effects, and

were associated with changes in belowground commu-

nities and rates of N mineralization. Our study was

conducted over a relatively short time period of two

years, and the experimental vegetation removal created

more extreme vegetation change than would be expected

from current global change. Nevertheless, our findings

reveal in situ the influential role of both live and dead

vegetation composition as a driver of peatland decom-

position processes.

As anticipated, litter decomposition was strongly

influenced by litter species identity, with the greatest

effects being observed after the first year of incubation,

when mass loss was greatest for Eriophorum and least

for Hypnum litter, which was probably due to differ-

ences in litter quality (Dorrepaal et al. 2007, Ward et al.

2010). After two years of decomposition, litter identity

effects, although still significant, were weaker and live

vegetation played a much more significant role. Togeth-

er, these findings suggest that litter decomposition is

driven more strongly by the effects of litter identity

during the first year of decomposition, when there is a

greater availability of labile substrates in decaying litter,

and that live plant effects may become more important

during subsequent stages of litter decomposition.

Conclusions regarding long-term C accumulation from

short-term decomposition studies need to be treated

with caution, due to varying rates of litter mass loss over

FIG. 2. Litter bag mass loss (mean 6 SE) for Calluna, Eriophorum, and Hypnum litter after one year (left-hand column) and
two years (right-hand column), shown for the absence (open bars) and presence (black bars) of the three live plant functional
groups in field incubation plots at a blanket bog in Moor House National Nature Reserve, northern England. Significant
differences (P , 0.05) between the presence and absence of live plant functional groups shown by a single asterisk.
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longer timescales (Latter et al. 1998). Nevertheless, our

results highlight that both live plant and litter effects

should be taken into account when considering how

vegetation change impacts decomposition rates, at least

in the short term.

The greatest effect of live plants on litter decompo-

sition rates was due to plant functional group compo-

sition, with no effect of functional group richness. More

specifically, rates of litter decomposition were greater in

the absence of shrubs, with the strongest effects seen for

Eriophorum and Hypnum litter. This finding is consistent

with Jonsson and Wardle (2008), who found similar

positive effects of ericoid shrub removal on decompo-

sition rates in a boreal forest system. Several mecha-

nisms could have contributed to the slower rates of litter

decomposition in the presence of ericoid shrubs. First,

shrubs typically produce large concentrations of high-

molecular-weight polyphenolic compounds, which are

known to inhibit microbial activities and nutrient

cycling (Hattenschwiler and Vitousek 2000, Fenner

and Freeman 2011). The accumulation of phenolic

compounds in peatlands suppresses the activity of

hydrolase enzymes, which in turn reduces peat decom-

position through the enzymatic latch mechanism (Free-

man et al. 2001). Second, the association of ericoid

shrubs with mycorrhizal fungi might have contributed to

FIG. 3. Effects of warming (left-hand column) and effects of the presence and absence of the three live plant functional groups
in field incubation plots (right-hand column) on (a, d) enchytraeid density, (b, e) Diptera larvae density, and (c, f ) N mineralization
potential. Values are mean 6 SE. Significant differences (P , 0.05) between non-warmed and warmed and between the presence
and absence of live plant functional groups are indicated by a single asterisk; the dagger indicates differences at P , 0.10.
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the slower rates of litter decomposition in the presence

of shrubs. Ericoid mycorrhizal fungi produce enzymes

that allow direct uptake of organic nutrients from

complex substrates (Read and Perez-Moreno 2003,

Read et al. 2004). This may result in higher soil C:N

ratios, which reduces nitrogen availability for saprotro-

phic decomposers and, subsequently, can decrease

decomposition rates (Read et al. 2004, Orwin et al.

2011, Averill et al. 2014). Finally, shrub removal

increased air temperatures at the canopy level, which

was probably due to the loss of the dense shrub canopy

and its effects on evapotranspiration and shade levels

(Grace and Marks 1978). This increase in temperature,

in turn, could have contributed to the greater rates of

decomposition with shrub removal. However, no change

in decomposition was detected from the reduction in air

temperature caused by the removal of graminoids.

Our results, and those of previous studies at the same

site (Ward et al. 2013), suggest that changes in nutrient

availability were linked to the enhanced litter decompo-

sition seen with shrub removal. Evidence for this comes

from the finding that shrub removal was associated with

an increase in potential N mineralization, albeit at a

single sampling point. In addition, shrub removal resulted

in higher DOC, DON, and microbial biomass C:N

(Ward et al. 2013), which suggests increased biological

activity in the soil. We also found that enchytraeids,

which are the most dominant fauna in terms of biomass

and function in peatland systems (Briones et al. 2007),

increased weakly in response to shrub removal. Given the

importance of enchytraeids in promoting DOC and DON

production, and accelerating rates of C and N mineral-

ization (Briones et al. 1998, Cole et al. 2002, Carrera et al.

2009), their positive response to shrub removal is likely to

have contributed to the observed increases in litter

decomposition. Taken together, our results point to a

cascade of effects of shrub removal on the soil system that

promote rates of litter decomposition (Bragazza et al.

2013), illustrating the importance of live plant effects on

decomposition through soil processes.

Graminoid and bryophyte removal had remarkably

few effects on decomposition and soil properties. This

result was unexpected for bryophytes, because members

of this functional group, particularly Sphagnum mosses,

are known to play an important role in controlling rates

of decomposition and carbon cycling (Lindsay 2010). It

is, however, consistent with Orwin and Ostle (2012),

who also found that the presence of bryophytes did not

alter in situ decomposition rates compared to bare

ground. The lack of a detectable bryophyte effect here

may be because Sphagnum mosses, although present in

our system, were not the dominant bryophyte.

As hypothesized, we found that the influence of the

plant removal treatments on litter decomposition inter-

acted with litter identity. Shrub removal resulted in

increased rates of decomposition for Eriophorum and

Hypnum, but only a weak increase for Calluna litter,

suggesting at least some ‘‘home-field advantage’’ for

shrubs. To test this hypothesis, we calculated a home-field

advantage index (Ayres et al. 2009), using year two mean

litter mass loss data within each block for the presence

and absence of shrubs, graminoids, and bryophytes. A

significant difference in home-field advantage was detect-

ed between the Calluna and Hypnum litter (F2,12¼ 5.6, P

FIG. 4. Two-dimensional NMDS (nonmetric multidimensional scaling) ordination analysis of T-RFLP (terminal restriction
fragment length polymorphism) data for (a) soil fungi from plots with and without live shrubs; and (b) soil bacteria from warmed
and non-warmed plots. Fungal communities from plots with and without shrubs are depicted by open and closed circles,
respectively. Differences in bacterial communities between warmed and non-warmed soils are depicted by solid and open triangles,
respectively.

SUSAN E. WARD ET AL.120 Ecology, Vol. 96, No. 1



¼ 0.04), with Calluna litter showing a positive home-field

advantage (index value 5.4), compared with a home-field

disadvantage for both Eriophorum (�1.2) and Hypnum

(�3.7) litter. A home-field advantage has been widely

attributed to differences in decomposer communities, and

could be related to the differences observed in fungal

communities after shrub removal in our study. However,

many uncertainties still remain over the home-field

advantage effect (Vivanco and Austin 2008, Ayres et al.

2009, St John et al. 2011), and to our knowledge, no

studies have yet tested its effect on long-term decompo-

sition at different stages of the decomposition continuum.

Nevertheless, our study indicates that home-field advan-

tage may play a role in driving decomposition in peatland

ecosystems, and highlights the interactions among live

plants, soil biota, and litter types.

The overall lack of consistent warming effects on litter

decomposition most likely reflects the generally slow rates

of long-term carbon cycling processes in peatlands, and

the relatively short time period of this study (Rinnan et al.

2007, Aerts et al. 2012, Weedon et al. 2012). Effects of

warming were detected in belowground communities,

although responses differed across components of the soil

food web. Specifically, we found that bacterial community

composition responded to warming, but not vegetation

composition, whereas for the fungal community the

opposite was found, highlighting the differing responses

of these two main components of the microbial decom-

poser community. This suggests that bacteria, which are

typically associated with faster rates of nutrient cycling

than fungi (Wardle et al. 2004, de Vries et al. 2013), are

more likely to influence any future responses of decom-

position to temperature. In contrast, fungi which play a

dominant functional role in acidic, nutrient-poor systems

(Thormann 2006), are more likely to mediate effects of

vegetation change on decomposition in these systems. We

also detected detrimental effects of warming on soil fauna,

especially Diptera larvae, which other studies have also

found to respond negatively to climate change (Briones et

al. 1997, Pearce-Higgins 2010). As such, their populations

could be dramatically reduced at higher temperatures with

cascading effects on the soil food chain (Buchanan et al.

2006). The observed reduction in enchytraeid abundance

due to warming was only weakly significant, possibly

because the temperature increase of 18Cwas insufficient to

alter soil moisture conditions (Ward et al. 2013) or to

strongly affect population sizes and vertical distribution of

the enchytraeids (Briones et al. 1997). Although no effects

of warming were detected on individual litter species

decomposition, the mean litter decomposition rate for all

litter types combined was faster in the presence than in the

absence of shrubs in year two. This may have been caused

by a priming effect (Fontaine et al. 2004): warming was

found to increase shrub photosynthetic rates in the same

experiment (Ward et al. 2013), which may have resulted in

enhanced C inputs to the soil. Evidence from other studies

in the same or similar environments indicates that some

ecosystem properties linked to decomposition, such as

gross respiration and availability of DOC and DON

concentrations, do increase relatively quickly in response
to warming (Dorrepaal et al. 2009, Bragazza et al. 2013,
Jassey et al. 2013, Ward et al. 2013). Together with our

results, this suggests that warming effects on decomposi-
tion may become stronger with time, and therefore have
important longer-term consequences for decomposition

processes in these ecosystems (Dorrepaal et al. 2009,
Briones et al. 2010).

CONCLUSION

In conclusion, our findings show that vegetation
functional group removal exerted stronger effects than a

18C experimental warming on short-term litter decompo-
sition, soil biota, and rates of soil N mineralization,
especially during the second year of decomposition. This

highlights an important role of vegetation change, which
is occurring in peatlands as a result of various global
change drivers, in regulating rates of decomposition in

peatlands. The effects of vegetation are seen through both
live plant effects and litter, which together influence the

composition of belowground communities and rates of
nutrient cycling. Our study adds to growing experimental
evidence that the effects of vegetation composition can be

more important than abiotic factors in controlling
decomposition (Cornelissen et al. 2007, Aerts et al.
2012, Hooper et al. 2012), and additionally shows that

these effects can be via live vegetation as well as through
differences in the quality of litter. Our findings highlight
the need to widen the focus of global change studies into

peatland carbon cycling, to include vegetation as well as
climate change when predicting the future carbon storage
potential of these ecosystems.
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